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Abstract	
Maya	Ariana	Zomer	
Fire	Ecology	of	Northern	Andean	grasslands:		Estimating	recent	fire	history	and	its	
impact	on	páramo	plants	The	 páramo	 grasslands	 of	 the	 Northern	 Andes	 are	 highly	 biodiverse	 ecosystems	 that	provide	ecosystem	services	for	the	millions	of	people	that	live	in	the	region	(Buytaert	et	al.,	2011;	 Ramsay,	 2014).	 These	 fragile	 alpine	 ecosystems	 are	 vulnerable	 to	 the	 impacts	 of	global	 environmental	 change	and	 land	use	 change	 (Buytaert	 et	 al.,	 2011;	Ramsay,	2014)	and	 sustainable	 management	 is	 a	 high	 priority.	 Fires	 are	 the	 most	 significant	 human	impact	in	the	páramo,	yet	fire	regimes	and	the	response	of	plant	communities	to	fire	are	not	 well	 understood	 (Luteyn,	 1992;	 Laegaard	 1992;	 Ramsay	 and	 Oxley,	 1996;	 Ramsay,	2001;	Horn	&	Kappelle,	2009).	A	significant	challenge	in	investigating	fire	dynamics	in	the	páramo	is	the	lack	of	fire	histories	(Ramsay,	2014).		The	 aim	 of	 this	 study	 was	 to	 test	 the	 effectiveness	 of	 using	Espeletia	 pycnophylla	giant	rosette	 plants	 as	 indicators	 to	 assess	 recent	 fire	 histories	 (time	 since	 fire	 and	 post-fire	intensity)	 in	 the	 páramo,	 and	 to	 investigate	 how	 páramo	 plant	 communities	 recover	through	 time	 after	 fire.	 Study	 areas	 comprised	 fourteen	 fire	 sites	 for	 which	 there	 are	historical	 records	of	 fire,	 in	 the	páramo	grasslands	of	Reserva	Ecológica	El	Ángel	and	La	Bretaña	Nature	Reserve,	Carchi,	Northern	Ecuador.	The	dates	of	 fires	spanned	from	year	2000	–	2014	and	one	recently	unburned	control.	 Included	 in	 the	study	was	one	 fire	 site	with	 four	 separate	plots,	 each	 assigned	 a	different	 fire	 intensity	by	Ramsay	 (2009).	The	dead	 leaf	 cover	 of	 50	 Espeletia	 giant	 rosette	 plants	 was	 measured	 in	 each	 fire	 site	 to	predict	time	since	fire	and	validated	with	known	fire	dates.	Espeletia	population	structure	(heights,	diameters,	and	mortality)	and	environmental	conditions	 in	each	of	 the	 four	 fire	intensity	plots	and	the	recently	unburned	control	were	recorded	to	identify	patterns	to	be	included	 in	an	approach	 to	estimate	post-fire	 intensity.	The	percentage	 frequency	of	 ten	páramo	 plant	 growth	 forms	 was	 assessed	 in	 each	 site,	 to	 reveal	 the	 main	 successional	trends	of	vegetation	recovery	after	fire.		This	 study	 indicated	 that	 time	 since	 fire	 can	 be	 estimated	 using	 Espeletia	 pycnophylla	marcescent	 leaf	 cover	 and	 constant	 growth	 rates,	 accurate	 ±	 1	 year.	 Locally	 specific	growth	 rates,	 measured	 over	 three	 or	 more	 years,	 are	 very	 important	 to	 account	 for	varying	 growth	 of	 plants	 along	 altitudinal	 gradients	 and	within	 different	microclimates.		
Espeletia	 population	 structure	and	environmental	 conditions	did	vary	with	different	 fire	intensities,	but	 the	patterns	were	not	clear	enough	to	predict	post-fire	 intensity	at	a	 fine	scale.	There	is	potential	for	these	patterns	to	discriminate	between	high	intensity	and	low	intensity	 fires.	 	 Plant	 growth	 forms	 were	 found	 to	 have	 predictable	 shifts	 in	 frequency	through	time	after	fire.		1.5	–	5.6	years	after	fire	resulted	in	the	highest	levels	of	diversity,	followed	by	a	decrease	 in	diversity	 through	 time	 to	10	years.	The	 frequencies	of	 certain	growth	 forms	 decreased	 during	 this	 time	 period,	 outcompeted	 for	 light	 and	 space	 by	tussocks	 and	 shrubs.	 Long	 term	 fire	 free	 response	 showed	 unexpectedly	 high	 levels	 of	diversity,	 increasing	 frequencies	 of	 early	 successional	 growth	 forms	 and	 a	 decrease	 in	tussock	grass	abundance.		The	 findings	 of	 this	 study	 contribute	 to	 the	 understanding	 of	 fire	 dynamics	 in	 páramo	ecosystems	 and	 provides	 a	 simple	 method	 of	 predicting	 time	 since	 fire	 that	 will	 open	doors	 for	 further	 research	 of	 biodiversity,	 ecosystem	 services,	 and	 climate	 change	 on	 a	landscape	scale.			
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Chapter	1:	Introduction	
1.1	Tropical	Alpine	Páramo	Ecosystems	
Tropical	 alpine	 regions	 are	 unique	 and	 crucial	 ecosystems	 that	 sustain	 biodiversity,	biological	processes,	 carbon	storage	and	supply	water	 for	millions	of	people,	 agriculture	and	 industry	 at	 lower	 altitudes	 (Buytaert	 et	 al.,	 2011;	 Ramsay,	 2014).	 Tropical	 alpine	ecosystems	 occur	 in	 the	 upper	 regions	 of	 the	Andes,	 the	Afroalpine	 belt	 and	 to	 a	 lesser	extent,	 Indonesia	 and	Papua	New	Guinea	 (Buytaert	 et	 al.,	 2011).	 The	 climate	 of	 tropical	alpine	 regions	 is	 challenging	 for	 some	 organisms,	 characterized	 by	 minimal	 change	 in	seasonal	 temperature	 patterns	 but	 extreme	 diurnal	 temperature	 cycles	 (variations	 of	more	than	20°C	are	common)	often	described	as		‘summer	every	day,	winter	every	night’		(Hedberg,	 1964).	 The	 freeze-thaw	 cycle	 caused	 by	 these	 diurnal	 temperature	 shifts	 is	 a	critical	 factor	 of	 environmental	 stress	 and	 a	 key	 selective	 force	 in	 the	 adaptation	 of	tropical	alpine	plants.	Cold	tolerance	is	important	for	survival	in	these	habitats	and	the	soil	movements	(solifluction	and	frost	heaving)	associated	with	daily	freezing	has	an	effect	on	vegetation	distribution	as	it	deters	woody	plant	roots	(Rundel	et	al.,	1995).	Tropical	alpine	regions	are	also	subject	to	high	solar	radiance,	wind	and	often	high	moisture	in	the	form	of	rain,	 clouds	 and	 fog.	 Precipitation	 patterns	 however,	 are	 complex	 and	 differ	 with	 the	irregular	topography,	slope,	exposure	and	elevation	of	mountain	environments		(Rundel	et	al.,	1995;	Buytaert	et	al.,	2011).		
The	high	altitude	grasslands	of	the	Northern	Andes,	known	as	the	páramos	are	the	largest	extension	 of	 tropical	 alpine	 ecosystems,	 covering	 an	 area	 of	 around	 35,000	 km2.	 The	páramos	 form	 a	 discontinuous	 belt	 along	 the	 Andes	 mountains	 from	 Venezuela	 and	Colombia,	 through	 Ecuador,	 to	 northern	 Peru,	 with	 outliers	 of	 páramo	 grasslands	 also	present	 in	 Panama	 and	 Costa	 Rica	 (Fig	 1.1)	 (Buytaert	 et	 al.,	 2011;	 García-Meneses	 &	Ramsay,	2014;	Ramsay,	2014).	Two	distinct	climate	regions	of	 the	main	Andean	páramo	belt	can	be	distinguished;	the	paramos	of	Colombia,	Venezuela,	and	Ecuador,	characterised	
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by	 high	 moisture	 (with	 a	 few	 exceptions);	 and	 the	 significantly	 more	 arid	 paramos	 of	Northern	Peru	(Rundel	et	al.,	1995).		
	
	
	
	
	
	
	
	
	
	
Páramo	 grasslands	 extend	 between	 the	 upper	 tree	 line	 and	 the	 perennial	 snow	 border	(about	3200	-	5000	m	altitude).	Although	specific	plant	associations	occur	within	localities,	the	architecture	and	growth	 forms	of	plant	communities	are	similar	across	 the	northern	Andean	 paramos	 (White,	 2013).	 	Andean	 páramo	 ecosystems	 are	 typically	 divided	 into	three	 broad	 altitudinal	 zones	 known	 as	 the	 sub-páramo,	 the	 grass	 páramo	 or	 páramo	proper,	and	the	super-páramo	(Cuatrecasas,	1968;	Luteyn,	1999;	Horn	&	Kappelle,	2009;	White,	2013):	
Sub-páramo:	 	 the	 lowest	 altitudinal	 zone	 and	 a	 transition	 habitat	 composed	 of	 species	from	 the	 montane	 forest	 below	 and	 the	 grass	 páramo	 above.	 Shrubs	 and	 small	 trees	
Fig	1.1	Distribution	of	páramo	vegetation	in	Southern	Central	America	and	Northern	Andes.	Shading	indicates	elevation	above	3,000	m.	Mapped	by	Luteyn	(1999).		
		 3	
alternate	 with	 grasslands	 of	 bunch	 grasses	 or	 dwarf	 bamboos	 	 (Luteyn,	 1992;	 Horn	 &	Kapelle,	2009).		
Grass	 páramo:	 	 the	 central	 altitudinal	 zone,	 dominated	 by	 tussock	 grasses	 (mainly	
Calamagrostis	 or	 Festuca)	 (Horn	 &	 Kappelle,	 2009)	and	 giant	 rosettes	 belonging	 to	 the	families	Asteraceae	and	Bromeliaceae.	Giant	rosettes	are	by	far	the	most	characteristic	life	form	 of	 these	 ecosystems	 differentiating	 these	 communities	 from	 temperate	 alpine	 and	arctic	areas.	Also	 found	 in	 the	grass	páramo	 is	a	rich	diversity	of	shrubs,	cushion	plants,	and	 herbs	 that	 form	 a	 continuous	 vegetation	 cover	 over	 the	 landscape	 (	 Rundel	 et	 al.,	1995;	Horn	&	Kappelle,	 2009;	 Buytaert	 et	 al.,	 2011).	 Isolated	 forest	 patches	 of	Polylepis	trees	are	scattered	within	the	grass	páramo	and	have	been	found	to	reach	elevations	over	4000m	(Luteyn,	1999).	
Super-	páramo:	the	highest	and	most	narrow	elevational	zone,	found	between	the	grass	páramo	 and	 the	 snowline.	 This	 zone	 is	 characterized	 by	 rocky,	 sandy	 soils	 and	discontinuous	vegetation	cover.	In	Ecuador	the	super-	páramo	is	dominated	by	shrubs	and	low	cushion	plants	(Sklenář	and	Jorgensen,	1999;	Keating,	2007).	Fires	are	not	usually	an	influence	in	the	super-	páramo	due	to	lack	of	fuel	(Sklenář	&	Ramsay,	2001).	
1.2	Environmental	Services	
The	páramos	provide	 important	 environmental	 services	 on	both	 local	 and	 global	 scales.	The	 páramo	 grasslands	 form	 part	 of	 the	 Tropical	 Andean	 Biodiversity	 Hotspot	 (CEPF	2015),	 currently	 recognized	 as	 the	most	 diverse	 hotspot,	with	 a	 greater	 total	 of	 species	and	endemic	species	than	anywhere	else	on	Earth	(Mittermeier	et	al,	2011;	CEPF,	2015).		The	 páramo	 in	 particular,	 has	 the	most	 diverse	mountain	 flora	 in	 the	world	 (Smith	 and	Cleef,	1988).	The	 isolated	and	 fragmented	occurrence	of	 the	páramo	grasslands	over	 the	Andean	highlands	reflect	a	sort	of	island	archipelago	structure	which,	along	with	a	unique	climatic	 and	 geological	 history,	 promotes	 high	 speciation	 and	 exceptionally	 high	endemism	(Buytaert	et	al.,	2006;	Madriñán	et	al.,	2013).	Alternating	glacial	and	interglacial	periods	over	the	past	2.5	million	years	caused	climate	zones	to	shift	up	and	down	slope.	
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This	 led	 to	 changes	 in	 the	 isolation	 and	 connectivity	 of	 ecosystems,	 creating	 ideal	conditions	 for	 speciation	 events	 (Hooghiemstra	 &	 Van	 Der	 Hammen,	 2004,	 Ribas	 et	 al.,	2007).	 The	 páramo	 today	 hosts	 about	 5000	 plant	 species,	 60	%	 of	 which	 are	 endemic	(Sklenář	 &	 Ramsay,	 2001) and	 has	 been	 identified	 as	 the	 worlds	 fastest	 evolving	ecosystem(Madriñán	et	al.,	2013).	
Millions	of	people	and	many	of	the	large	Latin	American	cities	depend	almost	completely	on	 surface	 waters	 of	 the	 paramos	 for	 water	 consumption,	 irrigation,	 and	 hydroelectric	power;	 earning	 them	 the	 name	 of	 the	 ‘water	 towers	 of	 Latin	 America’	 (Buytaert	 et	 al.,	2006;	CEPF	2015).	The	páramos	are	composed	of	glacier	formed	valleys	and	plains	with	a	variety	 of	 lakes,	 peat	 bogs	 and	 wetlands	 intermingled	 with	 shrublands,	 grasslands	 and	forest	patches	that	create	a	vital	hydrologic	system.	Rainfall	is	typically	of	high	frequency	and	low	intensity	and	the	varied	topography	of	the	páramo	results	in	high	spatial	rainfall	variability	(Buytaert	et	al.,	2006).	Precipitation	in	the	páramo	ranges	from	700	to	3000mm	per	year.	Yet	the	real	water	input	in	the	system	is	estimated	to	be	significantly	higher,	as	an	 unknown	 quantity	 of	 water	 is	 added	 to	 the	 hydrological	 system	 through	 the	interception	 of	 fog	 and	 dew	 (Buytaert	 et	 al.,	 2006).	 Páramo	 vegetation	 and	 soils	 have	developed	highly	efficient	moisture	regulating	mechanisms,	trapping	rainfall,	fog	and	mist	and	funneling	this	water	 into	a	network	of	streams	that	supply	a	consistent	base	 flow	of	high	quality	water	 to	many	major	 rivers	descending	 to	both	 the	 coastal	 regions	 and	 the	Amazon	 basin	 (Buytaert	 et	 al.,	 2006;	 CEPF	 2015).	 The	 high	 Andean	 páramo	 has	 a	remarkably	 high	 water	 regulation	 capacity,	 acting	 to	 regulate	 the	 flow	 and	 providing	water	even	in	periods	of	little	rainfall	(Buytaert	et	al.,	2006;	Anderson	et	al,	2011).		
Páramo	soils,	as	well	as	having	high	 infiltration	and	water	storage	capacity,	 contain	high	levels	of	organic	carbon	storage	and	therefore	give	the	páramo	an	important	global	role	as	a	carbon	sink	(Buytaert	et	al.,	2006;	Buytaert	et	al.,	2011).	The	most	common	soils	in	the	páramo	are	Andisols,	 Entisols,	 Inceptisols	 and	Histosols	 according	 to	 the	 Soil	Taxonomy	(Soil	 Survey	 Staff,	 2003)	 classification.	Most	 páramo	 soils	 are	 volcanic	 in	 origin	 and	 are	surprisingly	homogenous,	blanketing	the	tertiary	bedrock	all	along	the	Andean	cordilleras.	
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Soil	 thickness	can	range	 from	a	 few	centimeters	 to	several	meters.	There	 is	high	organic	matter	accumulation	in	the	soil,	primarily	a	result	of	the	continuous	vegetation	cover,	low	air	 temperature,	 low	atmospheric	pressure	and	 frequent	water	 logging	 (Podwoiewski	 et	al.,	 2002,	 Buytaert	 et	 al.,	 2011).	 Breakdown	 of	 the	 volcanic	 parent	 material	 releases	resistant	 organometallic	 complexes	 with	 Al	 and	 Fe,	 which	 also	 enhances	 accumulation	(Buytaert	et	 al.,	 2011).	The	 resulting	 soils	 are	dark	and	humic	with	an	open	and	porous	structure,	high	water	retention,	and	elevated	amounts	of	organic	C	(Buytaert	et	al.,	2005;	Buytaert	 et	 al.,	 2006).	 In	 páramo	 valley	 bottoms	 and	 depressions	 with	 deep	 soils,	 soil	organic	carbon	concentrations	may	reach	over	40%	(Buytaert	et	al.,	2006).	 
1.3	Fire	Dependent	Systems	
Fires	have	been	a	major	evolutionary	force	in	the	Andean	páramos	and	are	of	fundamental	significance	 to	 the	 biodiversity	 patterns	 and	 ecological	 processes	 of	 these	 high	 altitude	grasslands		(White,	2013;	SAANBI,	2014).	The	cold,	wet	climate	of	high	tropical	mountains	seems	a	contradiction	to	fire,	however	when	the	clouds	do	clear,	the	strong	solar	radiation	quickly	dries	plants	and	soil.	Fires	periodically	burn	the	páramo	landscape	and	have	done	for	thousands	of	years	(Horn	&	Kappelle,	2009).	Modern	paramo	fires	are	predominantly	human	 set.	 The	 páramos	 are	 used	 extensively	 for	 grazing	 of	 livestock,	 including	 cattle,	llamas,	horses	and	sheep	(Laegaard,	1992;	Ramsay,	1996;	Sklenář	&	Ramsay,	2001).	The	forage	quality	 is	poor	and	it	 is	common	practice	throughout	the	Northern	Andes	to	burn	the	 vegetation	 to	 encourage	 new,	more	 nutritious	 growth	 for	 grazing.	 The	 frequency	 of	burning	depends	on	vegetation	recovery	but	is	typically	every	2-5	years	(Ramsay	&	Oxley,	1996).	Laegaard	 (1992)	noted	 that	 there	did	not	 seem	 to	be	a	distinct	 rotation	 time	but	rather	local	people	said	that	the	grasslands	are	burned	when	they	are	ready	ie.	when	the	tussock	grasses	are	dense	and	dry	enough	to	be	 lit	on	 fire.	This	has	resulted	 in	a	mosaic	pattern	of	 fire	patches,	 each	usually	only	a	 few	hectares	 in	area.	A	 fire	will	 stop	when	 it	reaches	the	border	of	a	more	recently	burned	patch	as	it	runs	out	of	fuel	(Laegaard,	1992).		
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The	 frequency	 of	 fire	 throughout	 the	 páramos	 has	 sparked	 an	 ongoing	 debate	 of	 the	natural	 or	 anthropogenic	 origin	 of	 these	 grasslands.	 Some	 authors	 have	 proposed	 that	forest	 is	 the	 true	 climax	 vegetation	 for	 the	 páramo	 zone	 and	 that	 deforestation	 and	controlled	burning	by	people	throughout	history	artificially	lowered	the	treeline	in	favour	of	 the	 ‘anthropogenic’	 grasslands	 that	 we	 see	 today	 (Ellenberg	 1958;	 Laegaard,	 1992)	Laaegard	(1992).	Others	argue	that	 the	grass	páramo	is	a	natural	phenomena,	shown	by	the	high	number	of	endemic	herbaceous	species	(Keating,	2007;	Ramsay,	2014).	Mounting	evidence	 shows	 that	 páramo	 grasslands	 and	 fires	 did	 exist	 before	 humans,	 but	 that	 the	increase	in	fire	frequency	with	the	arrival	of	humans	expanded	the	grasslands	(Laegaard,	1992;	 White,	 2013;	 Ramsay,	 2014).	 A	 recent	 study	 by	 White	 (2013)	 argues	 that	 the	páramo	 zone	 has	 in	 fact	 been	 treeless	 throughout	 the	 current	 postglacial	 period.	 He	proposes	 that	 the	 first	 humans	moved	 into	 the	 grassland	 zone	 at	 a	 time	when	 treelines	were	lowered	by	glacial	cooling	during	the	late	Pleistocene.	These	early	hunter-gatherers	maintained	 the	 grassland	 habitat	 through	 the	 use	 of	 fire	 and	 prevented	 the	 natural	advancement	of	 the	 treeline	upslope	 that	would	have	otherwise	occurred	as	 the	 climate	warmed	(White,	2013).		
The	páramos	are	increasingly	being	recognized	as	fire	dependent	landscapes,	in	which	fire	is	 an	 essential	 process	 (Myers,	 2006).	 Fire	 dependent	 ecosystems	 are	 those	 in	 which	‘species	have	evolved	adaptations	to	respond	positively	to	fire	and	to	facilitate	the	spread	of	 fire,	 contributing	 to	 vegetation	 that	 is	 fire-prone	and	 flammable.	 If	 fire	 is	 removed	or	fire	regimes	greatly	altered,	the	ecosystem	will	change	to	something	else	and	habitats	and	species	will	be	lost’	(Myers,	2006).	Grasslands	around	the	world	are	associated	with	fire.	Grasses	have	been	described	as	‘designed	to	burn’	(Zedler,	2007).	Most	grasses,	including	the	 tussock	 grass	 of	 páramo	 landscapes,	 grow	 in	 dense	 aggregations.	 Grasses	 are	characterized	 by	 seasonal	 or	 episodic	 death,	 the	 capacity	 to	 dry,	 and	 as	 having	strengthening	tissues	that	keep	stems	upright	after	death.	These	life	form	traits	of	grasses	provide	 the	 perfect	medium	 for	 fire	 propagation	 as	 the	 fuel	 elements	 are	 close	 enough	together	 to	 transfer	 heat,	 but	 spaced	 apart	 enough	 to	 allow	 for	 aeration	 (Zedler,	 2007).	
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The	 páramos	 are	 known	 to	 contain	 a	 wide	 array	 of	 specialized	 plant	 species	extraordinarily	well	adapted	and	resilient	to	fire	(Table	1.1;	Laegaard,	1992;	Buytaert	et	al.,	2006).	Many	páramo	plant	species	have	been	found	to	resprout	vigorously	following	fire,	taking	 advantage	 of	 the	 space,	 light	 and	 nutrients	 suddenly	 available	 (Laegaard,	 1992;	Horn	&	Kappelle,	2009;	García-Meneses	&	Ramsay,	2014).			
Table.	1.1	Survival	Strategeies	of	páramo	plants	(Laegaard,	1992)	
		However,	 the	 specialized	 adaptations	 of	 páramo	 plant	 species	 that	 allow	 this	 positive	interaction	 with	 fire	 throughout	 the	 landscape	 are	 likely	 the	 accidental	 consequence	 of	adaptations	 to	 the	 cold,	 rather	 than	 adaptations	 to	 fire	 itself	 (Ramsay,	 2014).	 The	evolution	 of	 páramo	 species	 has	 been	 influenced	 over	 greater	 time	 scales	 than	 that	 of	human	set	 fires,	by	the	selective	 force	of	extreme	climate	temperatures.	The	adaptations	that	allow	plants	to	survive	fires,	for	example,	protecting	apical	buds	below	the	soil	surface	or	within	rosette	leaves	above	ground	(Laegaard,	1992),	insulate	from	the	cold	as	well	as	
Fire	Survival	Strategies	 Páramo	plants	Survival	by	seed	 Some	annual	or	short	lived	herbaceous	or	semifrutescent	plants,	eg.	some	species	of	Lupinus,	Lachemilla	and	Bartsia	
Survival	by	suckers	 Shrubs	eg.	Baccharis,	Chuquiraga,	Brachyotum,	Hypericum,	Fuchsia,	
Monnina,	and	Ribes.	Tree	species	eg.	Gynoxys,	Miconia	salicifolia,	and	
Hesperomeles.	Herbs	eg.some	species	of	Calilleja	and	Hulenia.	
Survival	by	apical	bud	protection	 Giant	 stem	 rosettes	 eg.	 Espeletia,	 Puya	 and	 Blechnum.	 Ground	Rosettes:	genera	Eryngium,	Phyllactis,	Ranunculus,	and	Hypochoeris.	Plants	 with	 short	 erect	 rhizomes	 eg.	 Lilaeopsis,	 Sisyrinchium,	
Lachemilla	nivalis,	and	some	species	of	Luzula.		
Survival	 by	 subterranean	 buds	and	shoots	systems	 Herbs	 eg.	 some	 species	 of	 Lachemilla	 and	 Vicia.	 Shrubs	 eg.	Pentacalia.	 Composite	 shrubs	 Chuquiraga	 and	 grass	 Neruolepis	
artistata.		Occupying	places	where	fire	does	not	reach	or	time	spans	between	fires	 Many	trees	eg.	Polylepis,	shrubs	and	perennial	herbs		
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protect	 from	 heat	 (Ramsay,	 2014)	 That	 being	 said,	 fire	 disturbance	 has	 been	 found	 to	create	a	competitive	advantage	for	those	plants	with	suitable	adaptations	and	that	fires	tip	the	balance	 towards	grasses	 (Zedler,	 2007).	 Fire	without	doubt	determines	 the	detail	 of	biodiversity	composition	and	ecological	dynamics	of	modern	páramo	grasslands.	(Horn	&	Kappelle,	2009;	Ramsay,	2014).	
1.4	Threats	and	Conservation		
Global	 climate	 change	 is	 predicted	 to	 displace	 ecosystem	 boundaries	 and	 significantly	reduce	 the	 total	 area	 of	 tropical	 alpine	 regions	 (Buytaert	 et	 al.,	 2011).	 Like	 all	 high	mountain	regions,	the	Andes	are	already	experiencing	visible	climate	change	(Herzog	et	al,	2011).	Although	the	mean	temperature	increase	of	0.7	°C	over	the	last	60	years	is	similar	to	 global	 averages,	 the	 effects	 of	 warming	 are	 amplified	 in	 mountain	 environments	(Herzog	et	al,	2011).		 	Mountain	ecosystems	contain	a	series	of	climatically	very	different	zones	 within	 short	 distances	 and	 elevations,	 displaying	 a	 range	 of	 micro-habitats	 with	great	 biodiversity.	 Retreating	 glaciers	 and	 snow	 lines	 as	 well	 as	 an	 upslope	 advance	 of	agriculture	 and	 a	 trend	 of	 decreasing	 annual	 precipitation	 (with	 a	 few	 localized	exceptions)	 throughout	 the	 region	may	 have	 significant	 impacts	 on	 ecosystem	 function	(Herzog	et	al,	2011).	The	increased	isolation	of	remaining	páramo	patches	is	expected	to	induce	species	extinction	and	biodiversity	 loss	(Buytaert	et	al.,	2011).	Drier	and	warmer	soil	 conditions	 are	 predicted	 to	 cause	 faster	 organic	 carbon	 turnover,	 decreasing	 below	ground	 organic	 carbon	 storage.	 Changes	 in	 precipitation	 patterns	 and	 plant	 community	composition,	 increased	 evapotranspiration	 and	 alteration	 of	 soil	 properties	 may	 have	major	impacts	on	water	supply	(Buytaert	et	al.,	2011).	
Although	the	High	Andes	have	been	populated	for	thousands	of	years,	human	populations	in	 the	 highlands	 are	 two	 to	 three	 times	 what	 it	 was	 immediately	 before	 the	 arrival	 of	Europeans	(Baker	1978	in	Ramsay	&	Oxley,	1996).		Land	use	patterns	have	shifted	and	fire	frequency,	agricultural	and	recreational	use	of	the	páramos	have	intensified	dramatically	over	 the	 last	 two	 decades,	 putting	 significant	 pressure	 on	 these	 ecologically	 important,	
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high	diversity	systems.	High	elevation	species	of	the	Northern	Andean	páramo,	with	their	narrow	 ecological	 ranges,	 have	 been	 identified	 as	 particularly	 threatened	 by	 habitat	conversion	(CEPF,	2015).		
A	growing	number	of	ecologists	and	conservationists	recognize	that	‘altered	fire	regimes’	are	a	major	threat	to	the	conservation	of	grasslands	(Hardesty	et	al.,	2005).	This	is	highly	relevant	in	the	fire	dependent	páramo	(Ramsay,	2014).	An	altered	fire	regime	is	one	that	has	 been	modified	by,	 eg.	 excessive	burning,	 inappropriate	 burning,	 fire	 suppression,	 or	ecosystem	 conversion	 to	 the	 extent	 that	 the	 current	 fire	 regime	 negatively	 affects	 the	viability	and	sustainability	of	the	desired	ecosystems	(Myers,	2006).	Fire	regime	alteration	can	 be	 defined	 as	 ‘the	 extent	 to	 which	 current	 patterns	 of	 fire	 have	 departed	 from	 the	natural,	 historical,	 or	 ecologically	 acceptable	 ranges	 of	 variation	 in	 key	 fire	 regime	attributes	(eg.	Fire	frequency,	severity	or	lack	of	fires)	associated	with	and	characteristic	of	different	ecosystems.’.	(Hardesty	et	al.,	2005).	The	incorrect	application	of	fire	or	lack	of	fire	 in	 grasslands	 can	 result	 in	 shifts	 in	 species	 composition,	 woody	 encroachment,	 a	decline	 in	 basal	 cover	 and	 an	 increase	 in	 soil	 erosion	 (CEPF,	 2015).	 The	 Nature	Conservancy	has	 identified	altered	 fire	 regimes	as	one	of	 the	key	 threats	 to	biodiversity	(Hardesty	 et	 al.,	 2005).	 Ecologically	 appropriate	 fire	 regimes	 must	 be	 integrated	 with	other	conservation	efforts	(Hardesty	et	al.,	2005).		
Conservation	 and	 sustainable	 management	 of	 páramo	 grasslands	 is	 of	 vital	 importance	and	is	attracting	attention	as	a	top	priority	for	Latin	America.	Fire	frequency,	as	mentioned,	is	 on	 the	 rise.	 Fires	 are	 typically	 considered	 a	 negative	 influence	 so	 the	 common	management	 strategy	 is	 to	 ban	 fires.	 However,	 this	 management	 strategy	 has	 been	criticized	 by	 many	 (Ramsay,	 2001;	 Keating,	 2007;	 Horn	 &	 Kapelle,	 2009).	 A	 better	understanding	of	the	nature	of	fire	regimes,	the	ability	and	time	needed	for	páramo	plant	communities	 to	 recover	 from	 burning,	 and	 the	 impacts	 of	 fire	 on	 ecosystem	 service	provision	is	essential	to	determine	whether	management	decisions	are	beneficial	from	an	ecological	 perspective	 (Hardesty	 et	 al.,	 2005).	 Furthermore,	 the	 impacts	 of	 long-term	
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global	 environmental	 change	 are	 often	 entangled	 with	 and	 difficult	 to	 isolate	 from	 the	more	drastic	and	immediate	ecological	affects	of	fire	on	the	landscape.	Understanding	fire	regimes	 is	 crucial	 to	 separate	 these	 ecological	 responses	 and	 be	 able	 to	 determine	 the	future	directions	of	climate	and	plant	community	patterns	in	the	Northern	Andean	páramo.		Unfortunately	post	 fire	 investigations	 into	understanding	of	 fire	dynamics	 in	the	páramo	are	limited	by	the	lack	of	fire	histories.	
1.5	Ecuador	Study	Areas	
Fieldwork	 was	 carried	 out	 March	 through	 June	 2015,	 in	 the	 Espeletia	 dominated	 grass	páramos	of	two	ecological	reserves	in	the	Carchi	Province,	Northern	Ecuador.	In	Ecuador,	the	 Andes	 are	 divided	 into	 two	 parallel	 Cordilleras	 that	 border	 the	 fertile	 and	 highly	populated	 Central	 Valley.	 The	 first	 study	 site	 is	 the	 páramo	 grasslands	 of	 Reserva	Ecológica	 El	 Ángel	 on	 the	Western	 Cordillera.	 The	 second	 study	 site	 is	 the	 páramo	 of	 a	private	nature	reserve,	La	Bretaña,	located	on	the	Andean	Eastern	Cordillera.	
Ecuador	is	central	to	the	North	Andean	region	and	represents	the	transition	from	Espeletia	and	 grass	 dominated	 páramo	 found	 in	 Northern	 Ecuador,	 Colombia	 and	 Venezuela,	 to	tussock	 grass	 only	 dominated	 páramo	 found	 in	 Southern	 Ecuador	 and	 Peru.	 This	 study	took	place	in	the	very	north	of	Ecuador,	in	páramo	grasslands	linked	to	those	that	extend	across	the	northern	border,	making	results	highly	relevant	for	Colombia.		The	selection	of	this	region	 for	study	was	also	determined	by	the	presence	of	 fire	records,	a	rarity	 in	 the	Andes.	The	páramo	of	Reserva	Ecológica	El	Ángel	 is	 one	of	 the	14	 intervention	 sites	 for	Proyecto	Páramo	Andino,	selected	to	conserve	ecosystems	and	ecosystem	services,	as	well	as	land	use	and	human	cultural	diversity	(Proyecto	Páramo	Andino,	2011).	As	part	of	this	initiative,	scientific	research	in	this	páramo	has	been	encouraged	and	Randi-Randi,	a	Non-Governmental	 Organization,	 monitored	 fires	 from	 year	 2000	 –	 2008	 (Fig	 1.2)	 (Bustos-Insuasti,	 2008;	 Valdospinos-Navas,	 2008).	 	 These	 fire	 records	 were	 supplemented	 with	recent	local	fire	station	records	in	Reserva	Ecológica	El	Ángel	and	La	Bretaña,	making	up	the	most	extensive	set	of	fire	records	in	the	Andean	highlands.	Reserva	Ecológica	El	Ángel	
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is	also	the	site	of	previous	ecological	investigations	by	Ramsay,	including	Espeletia	growth	rate	monitoring	over	3	years	that	are	used	in	this	study.		
	
Fig	1.2	Recorded	Fires	in	Reserva	Ecológica	El	Ángel	and	Buffer	Zone.	Red	circles	indicate	historical	fires	used	in	this	study.	Based	on	map	in	Valdospinos	Navas	2008.	
Reserva	 Ecológica	 El	 Ángel	 is	made	 up	 of	 approximately	 16,000	 ha	 of	 páramo	 covering	altitudes	ranging	 from	3400m	to	4200m.	Access	 is	straightforward	as	a	maintained	road	runs	from	El	Ángel	to	Tulcán,	through	the	páramo	zone	and	there	is	a	guard’s	lodge	where	visiting	scientists	may	stay.	In	the	south-western	buffer	zone	of	the	reserve	are	patches	of	Polylepis	 forest	within	 the	páramo	zone,	 the	highest	altitude	 forest	 in	 the	world.	Annual	precipitation	 is	 2000	 to	 3000	 mm	 and	 annual	 average	 temperature	 is	 5.6°C	 (Suarez	 &	Medina,	 2001).	 The	 ecological	 reserve	 is	 dominated	 by	 young	 volcanic	 soils,	 with	 high	levels	 of	 organic	matter	 and	 high	moisture	 (Suarez	&	Medina,	 2001).	 For	 centuries	 and	especially	 since	 the	 road	 from	 El	 Ángel	 to	 Tulcán	 was	 built,	 this	 area	 has	 experienced	direct	impacts	from	human	activities.	This	includes	regular	burning	of	several	hectares	of	
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páramo	 and	 cattle	 grazing,	 as	 well	 as	 clearing	 and	 conversion	 of	 land	 into	 agriculture	(Moscol	 Olivera	 &	 Cleef,	 2009).	 Although	 the	 reserve	 has	 banned	 fires	 since	 it	 was	established	in	1992,	fires	are	still	common,	especially	in	the	buffer	zone	(Moscol Olivera & 
Cleef, 2009).	
	
La	 Bretaña	 is	 adjacent	 to	 the	 better	 known	 NGO	 Jatun	 Satcha	 Foundation	 reserve	‘Guandera’.	 La	 Bretaña	 encompasses	 páramo	 and	 some	 of	 the	 few	 remaining	 areas	 of	intact	 high	 Andean	 Guandera	 forest.	 The	 forest	 is	 found	 between	 3300m	 and	 3600m,	characterized	by	the	Guandera	tree	(Clusia	flaviflora).	Above	3600m	prevails	the	páramo,	also	still	with	occasional	fires	despite	policies	again	them.	Below	3300m,	the	area	has	been	
Fig	1.3.	Reserva	Ecológica	El	Ángel		(Photos	Maya	Zomer	2015)		 Fig	1.4	La	Bretaña	Nature	Reserve		(Photos	Maya	Zomer	2015)		
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almost	 been	 completely	 deforested	 for	 cattle	 and	 agriculture	 (Moscol	 Olivera	 &	 Cleef,	2009).		
Locating	historical	fire	sites	was	challenging.	GPS	coordinates	did	not	provide	information	of	the	extent	of	fire	and	the	terrain	made	reaching	fire	sites	in	the	centre	of	the	parks,	with	no	 road	 access,	 difficult.	 It	was	 an	 achievement	 to	 have	 this	 study	 include	 14	 fire	 sites,	spanning	across	the	years	2000-2014,	and	1	recently	unburned	control	(Table	1.2).	Sites	ranged	 in	 elevation	 from	 from	 3500-3900m,	 within	 the	 ‘grass	 páramo’	 zone.	 The	vegetation	 of	 our	 study	 areas	 was	 dominated	 by	 large	 tussock	 grasses	 (mostly	
Calamagrostis,	 Cortaderia)	 and	 giant	 rosettes	 Espeletia	 pycnophylla	 and	 Puya	 hamata	(Ramsay,	2014).		
	
	
	
	
	
	
	
Table	1.2	Study	sites;	Location,	Year	of	Fire,	and	Number	of	site	and	transects		 Location		 	 Year	of	Fire	 	 No.	of	sites			 El	Angel	-		 Control	 		 	 x	1				 	 2000-2002				 			 x	1				 	 2003-2005					 			 x	2				 	 2006	 										 			 x	2				 	 2007		 								 			 x	4				 	 2008														 		 x	1				 	 2009	 									 	 x	1	(4	transects)	La	Bretaña-		 2012	 									 	 x	1	(2	transects)	2013	 										 		 x	1	El	Angel	-	 2014	 										 		 x	1						
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1.6.	Thesis	Aims	and	Structure	
The	aim	of	this	study	was	to	contribute	to	the	development	of	a	simple	method	to	assess	fire	 histories,	 to	 unravelling	 the	 complexities	 of	 páramo	 fire	 ecology,	 and	 to	 inform	effective	natural	resource	management.		
Chapter	2	addresses	the	challenge	of	the	scarcity	of	historical	fire	records	by	considering	the	usefulness	of	flagship	species	Espeletia	pycnophylla	as	an	indicator	of	time	since	fire	in	the	Northern	Ecuadorian	grass	páramos.	A	method	proposed	by	Ramsay	2014	is	tested,	in	which	 the	 unique	morphology	 and	 constant	 growth	 rates	 of	Espeletia	 is	 used	 to	 predict	time	since	fire.		
Chapter	 3	 further	 investigates	 the	 usefulness	 of	Espeletia	pycnophylla	 as	 an	 indicator	 of	fire	histories,	by	researching	 if	 the	population	dynamics	of	Espeletia	may	also	be	used	to	predict	post-fire	intensity.		
Chapter	4	investigates,	for	areas	of	known	fire	age,	the	impacts	of	fire	on	plant	community	composition	and	plant	growth	form	abundance	through	time	after	fire.	
Finally,	 in	 Chapter	 5,	 overall	 conclusions,	 future	 directions	 for	 research,	 and	 the	implications	 of	 research	 for	 the	 sustainable	 management	 of	 páramo	 ecosystems	 are	discussed.			
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Chapter	2:		Espeletia	as	Indicators	of	Time	since	Fire	
2.1	Introduction	
Tropical	 alpine	 páramo	 grasslands	 extend	 approximately	 35,000	 km2	 along	 the	 Andean	mountain	 range	 of	 South	 America.	 The	 páramos	 are	 hotspots	 of	 biodiversity	 and	endemism	and	provide	essential	 ecosystem	services	 that	 sustain	biological	processes	on	both	local	and	global	scales,	and	support	the	livelihoods	of	millions	of	people	(Buytaert	et	al.,	2011;	Ramsay,	2014).	The	páramo	is	under	increasing	human	land	use	pressures	and	is	at	 risk	 from	 potentially	 severe	 impacts	 of	 climate	 change	 in	 the	mountain	 environment	(Buytaert	 et	 al.,	 2011).	 Understanding	 biodiversity	 patterns	 and	 ecosystem	 processes	 is	vital	for	the	conservation	and	sustainable	management	of	páramo	grasslands.		
Human	 land	use	 results	 in	 frequent	 and	often	 extensive	 fires	 in	 the	páramos	 (Laegaard,	1992;	Horn	&	Kappelle,	2009;	Ramsay,	2014).	These	fires	play	an	intrinsic	ecological	role	in	the	páramo	and	local	 fire	regimes	have	been	shown	to	 impact	biodiversity,	vegetation	composition	 and	 ecological	 dynamics,	 agricultural	 production,	 soils	 and	 hydrology	(Ramsay,	2014).	Fire	effects	at	landscape	scales	are	often	greater	than	the	subtler	signals	of	longer	term	change	and	hamper	investigations	into	the	general	response	of	biodiversity	to	environmental	change	(Ramsay,	2014).	Páramo	plant	species	have	different	life	history	strategies	 and	 adaptations	 in	 the	 context	 of	 fire	 (Laegaard,	 1992)	 	 and	 fire	 can	 cause	drastic	shifts	in	the	dominance	of	certain	species.		Controlling	for	fire	responses	in	order	to	study	other	processes	is	crucial	but	difficult	to	accomplish	as	fire	records	are	very	rarely	kept,	 and	 even	 when	 they	 are,	 they	 are	 incomplete.	 	 Monitoring	 fires	 on	 the	 ground	 is	difficult	in	the	remote	and	rugged	páramos	and	high	cloud	cover	limits	remote	sensing	and	satellite	imagery	methods	of	assessment	(Ramsay,	2014).	It	would	therefore	be	very	useful	to	have	a	method	to	indicate	past	fire	histories	at	a	landscape	scale.		
Using	ecological	indicators	to	determine	time	since	fire	at	a	landscape	scale	in	the	páramo	has	been	proposed	previously.	In	Costa	Rican	páramos,	the	annual	rings	of	certain	shrubs	can	be	used	to	date	fires	(Williamson	et	al.,	1986;	Horn,	1989),	but	this	approach	is	limited	
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as	 shrubs	 in	 the	 equatorial	 paramos	 do	 not	 have	 annual	 growth	 rings	 (Ramsay,	 2014).	Garcia-Meneses	and	Ramsay	(2014)	 investigated	 the	use	of	Puya	giant	rosettes	plants	 to	estimate	time	since	fire.	Pulses	of	recruitment	of	Puya	occur	soon	after	fires	and	result	in	a	cohort	of	plants	of	the	same	age.	The	constant	growth	rate	of	the	rosettes	allows	the	age	of	the	 plants	 and	 therefore	 time	 of	 recruitment	 to	 be	 estimated.	 However,	 there	 is	 a	 large	margin	of	error	as	the	recruitment	pulse	may	take	place	within	a	window	a	several	years	after	fire	(García-Meneses	&	Ramsay,	2014).		
Ramsay	(2014)	recently	proposed	using	the	morphology	of	Espeletia	giant	rosette	plants	to	 reconstruct	 recent	 fire	 history.	 Espeletia	 giant	 rosettes	 have	 a	 peculiar	 morphology	specifically	 adapted	 to	 the	 high	 altitude	 and	 harsh	 climate	 of	 the	 tropical	 mountain	environment	(Carlquist,	1994;	Ramsay,	2014).	 	Plants	can	grow	to	height	of	3	m	tall	and	cover	 huge	 areas	 of	 the	 páramo	 (Luteyn	 1999).	 These	 giant	 rosettes	 are	 the	 most	characteristic	plant	of	the	Northern	Andes	and	are	of	critical	ecological	importance	as	they	produce	most	of	the	biomass	in	páramo	ecosystems,	help	regulate	the	hydrological	cycle,	and	prevent	soil	erosion	(Garcia	et	al,	2004).		
The	Espeletia	pycnophylla	subsp.	angelensis	 is	 found	 in	 the	northern	páramos	of	Ecuador	from	3,100-4,500m	and	seems	to	have	the	potential	to	more	precisely	estimate	time	since	fire	(Ramsay,	2014).	These	are	perennial	plants	characterized	by	rosettes	of	large	leaves.		Young	leaves	form	a	dense	bud	around	the	apical	meristem	(Hedberg,	1964).	Plants	have	a	tall	 stem	 sheathed	 with	 dead	 leaves	 that	 are	 retained	 throughout	 the	 life	 of	 the	 plant	(known	as	marcescence).	 Fire	 removes	 the	 leaf	blades	of	marcescent	 leaves.	 If	 the	plant	survives	the	fire,	the	living	rosette	on	top	of	plant	regrows,	the	new	leaves	in	time	become	marcescent,	and	a	new	section	of	 the	stem	accumulates	marcescent	 leaf	cover.	This	new	accumulation	 of	 marcescent	 leaves	 is	 representative	 of	 stem	 growth	 since	 the	 fire.	Therefore,	assuming	the	plants	have	a	constant,	known	growth	rate,	time	since	fire	can	be	determined	from	the	extent	or	height	of	marcescent	leaf	cover	on	the	stem	of	plants	(see	Fig	 2.1)	 (Ramsay,	 2014).	 	 Using	 Espeletia	 as	 an	 indicator	 of	 recent	 fire	 history	 can	
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potentially	be	used	throughout	the	Espeletia	dominated	páramos	of	Northern	Ecuador	and	Colombia	and	can	contribute	to	unraveling	the	effects	of	fire	and	environmental	change	in	these	tropical	alpine	ecosystems.	
Ramsay	 (2014)	 tested	 this	 concept	 of	 using	 Espeletia	 pycnophylla	 morphology	 as	 an	indicator	of	fire	history	and	accurately	predicted	time	since	fire	to	the	nearest	whole	year	for	 four	sites	 in	Reserva	Ecológica	El	Ángel,	Northern	Ecuador.	 	The	 investigation	of	 this	chapter	 builds	 upon	 Ramsay’s	 (2014)	 work,	 seeking	 to	 test	 the	 effectiveness	 and	limitations	of	the	approach	and	to	refine	it	across	a	wider	range	of	study	sites	and	times	since	fire.	This	study	estimated	time	since	fire,	using	the	morphology	and	growth	rates	of	giant	rosette	Espeletia	pycnophylla	in	sites	with	previously	recorded	fire	dates	in	order	to	validate	predictions.		The	purpose	of	this	research	is	to	develop	a	simple	methodology	that	can	be	incorporated	into	all	páramo	investigations	where	fire	effects	are	influential. 
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Fig	2.1	Typical	morphology	of	a	burned	Espeletia	pycnophylla	plant.	Dead	leaves	remain	on	the	stem	(called	marcescence)	 underneath	 the	 living	 leaves	 of	 the	 rosette.	 Burning	 removes	 these	marcescent	 leaf	 blades	 and	 after	 repeated	 fires,	 will	 remove	 the	 clasping	 leaf	 bases	 also.	Accumulated	marcescent	 leaves	 can	 indicate	 time	 since	 fire	 given	 a	 constant	 and	 known	growth	rate	(Illustration	by	Jordan	Smith) 	
 
 
 
 
 
 
 
 
 
 Fig	2.2.	Espeletia	pycnophylla		a)	burned	plant	with	little	marcescent	leaf	cover	on	the	stem		b)	close	up	of	living	rosette	and	marcescent	leaves	underneath	c)	living	rosette	leaves	and	flowers		(photos	Maya	Zomer	2015)	a.	 	 	 	 b.	 	 	 	 c.	
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2.2	Methods	
Fire	dates	 and	GPS	 coordinates	 of	 historical	 fire	 sites	 in	Reserva	Ecológica	El	Ángel	 and	buffer	zone,	and	La	Bretana	were	taken	from	a	report	by	Valdospinos	Navas	(2008),	local	fire	brigade	records	and	written	reports	from	Reserve	rangers.	 	The	terrain	made	access	difficult	to	many	of	the	recorded	fires	 in	the	centre	of	the	park	and	far	from	a	road.	This	study	 included	only	known	 fire	 sites	within	 two	hours	walk	of	 a	 road,	 located	with	GPS	coordinates.	 Fourteen	 fire	 sites	 were	 assessed	 in	 this	 study,	 with	 a	 total	 of	 nineteen	transects.	 The	 dates	 of	 fires	 spanned	 the	 years	 2000-2014.	 The	 fire	 sites	 ranged	 in	elevation	from	from	3500–3900	m,	all	within	the	‘grass	páramo’	zone.		
Fire	 sites	were	 located	with	GPS	 records,	 however	 the	 recorded	GPS	 coordinates	 led	 us	only	to	a	single	point	of	the	fire	and	did	not	include	information	of	the	extent	of	fire.	Fire	mosaics	are	complex	in	the	páramo	and	care	must	be	taken	that	the	study	area	shares	the	same	 fire	 history	 (Ramsay,	 2014).	 A	 rapid	 assessment	 of	 vegetation	 characteristics	was	carried	out,	looking	for	a	sharp	visible	shift	in	vegetation	that	may	indicate	a	different	fire	event	and	a	patch	in	a	different	stage	of	recovery.	A	representative	area	was	determined	for	which	time	since	fire	is	required	and	50	Espeletia	plants	were	selected	within	this	area.		Plants	 selected	 all	 had	 a	 lower	 limit	 of	 marcescent	 leaf	 cover	 1–1.5	 meters	 above	 the	ground.	This	lower	limit	ensured	that	the	plants	were	of	a	height	during	the	fire	that	the	marcescent	 leaves	would	 have	 been	 completely	 removed.	Marcescent	 leaf	 cover	 of	 each	plant	was	measured,	ie.	the	extent	or	height	of	accumulated	dead	leaf	blades	(not	including	leaf	bases	remaining	from	fire)	from	the	lowest	point	that	the	marcescent	leaves	attach	to	the	stem	up	to	highest	point	marcescent	leaves	attach	at	the	base	of	the	living	rosette	(see	Fig	 2.1).	 	 If	 fire	 damage	 appeared	 asymmetrical,	measurement	was	 always	 taken	 on	 the	side	of	the	plant	that	the	fire	burned	highest	on	the	stem	(Ramsay,	2014)		
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2.3	Data	Analysis	
Ramsay	(2014)	combined	 three	variables	 to	predict	 time	since	 fire:	1)	mean	marcescent	leaf	 cover	 in	 a	 plant	 population;	 2)	 known	 annual	 growth	 rate	 of	 plants;	 and	 3)	 time	needed	to	regrow	the	 leaf	rosette	after	a	 fire	so	 that	stem	growth	happened	at	a	normal	rate.		
	Ramsay	 (2014)	 noted	 that	within	 a	 population	 of	 burned	 Espeletia	 plants,	 some	 plants	might	have	escaped	the	fire	by	luck	and/or	grown	at	unusual	rates	after	the	fire.	In	order	to	reduce	the	 impact	of	 these	outliers	on	the	estimated	time	since	 fire,	he	recommended	removing	the	top	and	bottom	10%	of	marcescent	leaf	cover	measurements	from	a	50	plant	sample,	 leaving	an	80%	core	 (from	40	plants).	To	determine	 if	 this	method	of	 removing	unusual	 outliers	was	 appropriate	 in	 this	 study,	 the	 consistency	of	marcescent	 leaf	 cover	measurements	was	 evaluated	 by	 comparing	 leaf	 cover	 statistics	 for	 a	 range	 of	 different	sample	 size	 selections	 from	 the	50	measured	plants	 at	 each	 site	 (all	 plants;	96%;	80%	 ;	60%	 ;	 40%).	 A	 check	 was	 also	 made	 to	 see	 if	 variability	 in	 dead	 leaf	 cover	 within	populations	at	each	site	changed	predictably	with	time	since	fire.		
Growth	 rates	 of	 Espeletia	 pycnophylla	are	 very	 locally	 specific	 and	 sensitive	 to	 altitude.	Annual	growth	rates	used	in	this	study	were	measured	in	Reserva	Ecológica	El	Ángel	and	therefore	 are	 suitable	 to	use	 in	 this	 study.	Ramsay	 (2014)	presented	 the	 annual	 growth	rate	of	14.8	cm/year	at	3600	meters	(measured	by	Ramsay	over	1	year).	New	growth	rate	data	 was	 obtained	 over	 3	 years	 of	 measurement	 at	 a	 range	 of	 altitudes	 (Ramsay	unpublished	 results,	 see	 appendix),	 resulting	 in	 an	 updated	 annual	 growth	 rate	 of	9.28cm/year	at	3600	meters	and	7.89cm/year	at	3900	meters.		
Time	 needed	 to	 regrow	 rosette	 is	 not	 reflected	 in	marcescent	 leaf	 cover	measurements	and	 so	 a	 correction	 was	 proposed.	 Ramsay	 (2014)	 suggested	 0.84	 y	 for	 Espeletia	
pycnophylla	rosettes	at	3600	m.	This	correction	factor	was	assessed	with	the	new	data	set	from	this	study.		
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Time	 since	 fire	 in	 all	 sites	 was	 predicted	 from	 Espeletia	 marcescent	 leaf	 cover	measurements	by	the	following	steps:	
• Estimating	 time	needed	 for	 observed	 stem	growth	by	dividing	mean	marcescent	leaf	cover	by	the	annual	growth	rate;	
• 	Calculating	 time	 since	 fire	 by	 adding	 together	 :	 time	 needed	 for	 observed	 stem	growth	plus	time	needed	to	regrow	rosette.			A	 first	prediction	of	 time	since	 fire	was	calculated	using	 the	original	annual	growth	rate	and	correction	factor	proposed	by	Ramsay	(2014).	A	second	prediction	of	time	since	fire	was	calculated	 for	all	 sites	using	 the	updated	annual	growth	rates	 (Ramsay	unpublished	results)	and	updated	correction	factor.		
Standard	statistical	tests	were	performed	with	IBM	SPPS	statistics	for	Macintosh	(Version	23,	Armonk,	New	York,	USA).			
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2.4	Results		Marcescent	 leaf	 cover	 did	 not	 vary	 much	 when	 extreme	measurements	 were	 removed	(Table	 2.1),	 though	 the	 standard	 error	 of	 the	mean	 reduced	 as	 subsample	 size	 reduced.	Means	 using	 Ramsay’s	 (2014)	 proposal	 of	 an	 80%	 core	 subsample	 did	 not	 differ	much	from	those	using	other	core	sizes	with	the	exception	of	40%	core	subsample.	The	smallest	core	size	of	40%	of	the	original	measurements	estimates	the	mean	marcescent	leaf	cover	at	1-11	cm	less	than	the	original	sample	of	50	plants:	equating	to	around	1-14	months	of	normal	plant	growth.		
Table	 2.1.	 Consistency	 of	 Espeletia	 leaf	 cover	 measurements	 with	 different	 subsampling	 of	 the	complete	 .	Mean	±	Standard	Error	marcescent	leaf	cover	calculated	for	subsample	sizes	selected	from	the	total	of	50	plants	of	each	site	(all	plants;	96%,	80%,	60%,	40%).		
	
Time	since	
Fire	(y)	
Observed	Mean	±	SE	marcescent	leaf	cover	in	subsample	
All	
(n=50)	
96%	
(n=48)	
80%	
(n=40)	
60%	
(n=30)	
40%	
(n=20)	
0.5	 10.7	±	1.5	 9.0	±	0.4	 8.9	±	0.3	 8.9	±	0.2	 8.2	±	0.1	
1.6	 12.4	±	0.7	 12.07	±	0.5	 12.1	±	0.4	 12	.0	±	0.4	 10.8	±	0.2	
2.4	 17.4	±	0.5	 17.3	±	0.4	 17.2	±	0.3	 17.0	±	0.2	 16.2	±	0.1	
2.4	 15.3	±	0.6	 14.9	±	0.4	 14.8	±	0.4	 14.7	±	0.3	 13.9	±	0.2	
5.7	 48.2	±	0.7	 48.4	±	0.7	 48.5	±	0.6	 48.8	±	0.4	 47.7	±	0.4	
5.7	 50.2	±	0.8	 50.3	±	0.7	 50.4	±	0.6	 50.5	±	0.5	 49.3	±	0.3	
5.7	 57.3	±	1.3	 57.4	±	1.2	 57.5	±	1.2	 58.0	±	1.0	 54.7	±	0.7	
5.7	 40.1	±	0.8	 39.9	±	0.7	 39.8	±	0.6	 39.5	±	0.5	 38.1	±	0.2	
7	 64.4	±	2.3	 64.2	±	2.1	 63.8	±	1.9	 63.8	±	1.6	 59.4	±	1.5	
8	 63.5	±	2.0	 63.2	±	1.9	 63.0	±	1.7	 62.9	±	1.2	 59.1	±	0.7	
8	 61.0	±	1.2	 60.8	±	1.0	 60.8	±	0.9	 60.8	±	0.7	 58.1	±	0.2	
8	 62.7	±	1.3	 62.7	±	1.2	 62.6	±	1.0	 62.5	±	0.8	 59.6	±	0.6	
8	 81.7	±	2.1	 81.0	±	1.7	 80.6	±	1.5	 80.8	±	1.1	 77.7	±	0.8	
9	 69.7	±	1.4	 69.8	±	1.2	 69.5	±	1.1	 69.2	±	0.9	 67.1	±	0.7	
9	 110.1	±	3.8	 110.3	±	3.4	 111.1	±	3.1	 110.9	±	2.8	 102.8	±	1.8	
10	 82.8	±	1.6	 83.0	±	1.3	 83.3	±	1.0	 83.0	±	0.8	 80.6	±	0.5	
10	 76.7	±	2.1	 75.9	±	1.7	 75.7	±	1.5	 75.4	±	1.3	 70.8	±	0.4	
15	 108.0	±	4.5	 108.4	±	4.1	 108.6	±	3.6	 107.3	±	3.3	 96.6	±	2.2	
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As	 time	 since	 fire	 increased,	 mean	 marcescent	 leaf	 cover	 increased	 predictably	(regression:	F1,16100.5,	p<0.001	Fig	2.3a).	 In	addition,	 the	variability	of	mean	marcescent	leaf	cover	also	increased	predictably	(regression:	F1,16=26.3,	p<0.001	Fig	2.3b).		
The	 fitted	 line	 in	 Fig	 2.3a	 indicates	 an	 appropriate	 time	 lag	 correction	 to	 account	 for	slower	growth	when	the	rosette	is	damaged	immediately	after	a	fire:	the	intercept	of	3.61	cm	when	time	since	fire	is	zero.	This	amount	of	marcescent	leaf	cover	represents	0.39	y	of	growth	 according	 to	 the	 growth	 rates	 of	 Ramsay	 et	 al.	 (in	 review).	 In	 subsequent	calculations,	 0.39	 y	 will	 be	 added	 to	 the	 time	 since	 fire	 prediction	 obtained	 from	marcescent	 leaf	 cover.	 However,	 sites	 with	 mean	 leaf	 cover	 <10	 cm	 (<1	 y	 since	 fire,	approximately)	will	not	be	corrected	in	this	way,	because	plants	would	most	likely	still	be	in	the	phase	of	rosette	recovery.	The	adjustment	is	only	appropriate	for	sites	where	plants	have	regrown	their	photosynthetic	apparatus	to	full	size	and	reached	normal	growth	rates.		
Fig.	2.3.	Relationship	between	known	time	since	fire	and	marcescent	leaf	cover	of	Espeletia	plants	at	fourteen	fire	sites.	(a)	Mean	marcescent	leaf	cover	(y=3.61	+7.92x;	r2	=	0.863).		(b)	Variability	(standard	deviation)	of	marcescent	leaf	cover	(y=1.23	+1.3x;	r2	=0.622).In	both	cases,	statistics	were	calculated	from	80%	core	subsamples	of	50	plants,	excluding	10%	extremes	at	both	ends.		
 
a)		 	 	 	 	 	 	 	 b)			
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Predictions	 made	 on	 the	 basis	 of	 marcescent	 leaf	 cover	 matched	 well	 with	 known	 fire	dates	 (Fig.	 2.4).	With	 updated	 values	 for	 growth	 rates	 and	 rosette	 recovery	 (Fig.	 2.4b),	predictions	 were	 more	 strongly	 related	 to	 known	 fire	 ages	 (regression:	 F1,16=145.3,	 p<	0.001)	and	also	had	a	close	 to	1:1	slope.	Using	Ramsay’s	 (2014)	original	 suggestions	 for	growth	 rates	 and	 rosette	 recovery	 (Fig.	 2.4a),	 the	 relationship	 was	 still	 very	 strong	(regression:	F1,16=100.5	p<	0.001	but	with	a	slope	of	around	0.5.		
Fig	2.4.	Relationship	between	known	and	predicted	time	since	fire	for	fourteen	sites.	(a)	Calculated	with	Ramsay	(2014)	growth	rate	of	14.8	cm	y-1	and	a	rosette	recovery	correction	of	0.84	y.		y=1.08	+0.54x,	r2	=	0.863.	(b)	Calculated	with	Ramsay	et	al.	(in	review)	growth	rates	of	9.28	cm	y-1	at	3600	m	and	7.89	cm	y-1	at	3900	m,	and	a	rosette	recovery	correction	of	0.39	y	(except	for	one	site	with	<10	cm	of	marcescent	leaf	cover.		y=0.26	+0.94x,	r2	=	0.901. 
 
 
 
 
 
 
 
 		
a.	 	 	 	 	 	 	 b.		
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2.5	Discussion	
Espeletia	pycnophylla	marcescent	leaf	cover	effectively	predicted	time	since	fire	for	13	out	of	14	 fire	 sites	within	1	year	of	 the	known	 fire	date.	Predictions	 reached	up	 to	15	years	after	 fire.	 The	 standard	 deviation	 of	 marcescent	 leaf	 cover	 increased	 with	 time,	 as	inconsistencies	 in	 growth	 rates	 accumulated	 over	 the	 years.	 Even	 with	 this	 drift,	predictions	 were	 accurate	 to	 within	 a	 year,	 with	 the	 exception	 of	 one	 site	 that	 was	overestimated	 by	 3.36	 years.	 This	 one	 site	was	 known	 to	 be	 9	 years	 since	 fire.	 Growth	rates	were	apparently	faster	in	this	site.	This	was	most	likely	due	to	sunnier	and	warmer	microclimate	conditions	due	to	topography.	This	site	was	located	on	downward	slope	and	observations	 of	 vegetation	were	 that	 of	 unexpectedly	 tall	 and	 thick	 shrubs	 and	 tussock	grasses.	 For	 this	 approach	 to	 be	 effective,	 it	 is	 important	 to	 choose	 sites	 that	 are	representative	of	the	surrounding	area.	Furthermore,	 in	this	study,	most	of	recorded	fire	dates	were	associated	with	a	full	calendar	year,	rather	than	a	particular	month	or	precise	date.	 Consequently	 there	 is	 an	 added	 one	 year	margin	 of	 error	 in	 the	 validation	 of	 our	predictions		
Several	aspects	of	Ramsay’s	(2014)	original	proposed	method	were	validated	or	refined.	Mean	 leaf	 cover	 measurements	 and	 standard	 error	 were	 surprisingly	 consistent	 for	 all	sample	 sizes	 greater	 than	 40%.	 This	 suggests	 that	 there	were	 not	many	 outliers	 in	 our	sites	and	that	growth	rates	didn’t	vary	greatly	from	individual	to	individual.	However,	this	cannot	always	be	relied	upon	and	using	the	core	80%	of	measurements	for	calculations	of	time	since	fire	(Ramsay	2014)	was	decided	to	be	a	useful	precaution	for	removing	unusual	outliers.	 Outliers	 are	 most	 likely	 in	 variable,	 low	 intensity,	 fast	 moving	 fires	 that	occasionally	miss	entire	plants,	 leaving	 their	 leaves	 intact	 (Ramsay,	2014).	These	results	also	 indicate	 that	 in	 cases	 of	 asymmetrical	 marcescent	 leaf	 cover,	 it	 was	 effective	 to	measure	the	side	of	plant	the	fire	burned	highest	on	the	stem.		
By	assessing	the	relationship	between	mean	marcescent	leaf	cover	and	known	time	since	fire,	 an	 updated	 value	 for	 rosette	 recovery	 of	 +	 0.39	 years	 was	 reached,	 which	 is	 4.7		
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months	of	growth.	This	is	approximately	5	½	months	less	than	Ramsay’s	original	proposed	adjustment	of	+	0.84	years	(Ramsay	2014).	Ramsay’s	original	adjustment	was	calculated	from	 the	 time	 needed	 to	 grow	 the	 typical	 number	 of	 leaves	 in	 a	 rosette.	 This	 does	 not	account	 for	 the	 interplay	of	a	variety	of	 factors	 including	time	needed	to	regrow	rosette,	slower	growth	rate	directly	after	 fire	and	the	 fact	 that	some	 live	 leaves	killed	by	the	 fire	will	remain	dead	on	the	stem	as	marcescent	leaves.	Sites	in	which	plants	have	<10cm	leaf	cover	(<1	year	of	stem	growth	after	fire)	should	not	be	adjusted	however,	because	plants	would	most	 likely	still	be	 in	the	phase	of	rosette	recovery	and	the	marcescent	 leaf	cover	observed	is	likely	the	remains	of	live	leaves	killed	by	the	fire,	not	new	growth.		
This	 study	 demonstrates	 that	 accurate,	 locally	 specific	 growth	 rates	 are	 extremely	important	and	require	more	 than	3	or	more	years	of	growth	measurements	 to	allow	 for	fluctuations	in	growth	rates	between	plants	and	between	years.	The	original	growth	rate	of	14.8	cm	y-1	at	3600	m	elevation	(measured	over	1	year;	Ramsay,	2014)	is	very	different	from	the	updated	growth	rate	of	9.28	cm	y-1	at	3600	m	(measured	over	3	years,	Ramsay	et	al.	 in	 review).	 Data	 from	 this	 study	 indicates	 that	 over	 longer	 time	 spans	 (the	 fourteen	years	 that	were	 assessed),	 a	 growth	 rate	 of	 8	 cm	 y-1	 	 	 is	more	 accurate	 to	 produce	 the	observed	amounts	of	marcescent	leaf	cover.		
Growth	rates	must	also	be	appropriate	to	the	elevations	where	estimates	are	being	made.	The	updated	growth	rates	 (Ramsay	et	al.	 in	 review)	were	measured	 from	samples	of	10	plants	at	200	m	intervals	of	elevation,	from	3600–4200m	(Appendix	1).	This	data	shows	a	sudden	 decrease	 in	 Espeletia	 growth	 rate	 that	 occurs	 between	 3800-4000	 m.	 Espeletia	growth	is	very	dependent	on	light	and	exposure.	The	base	of	the	cloud	in	the	páramo	of	El	Ángel	 and	Volcán	Chiles	 usually	 sits	 between	3800	 and	4000	m.	 Plants	 below	 the	 cloud	base	 receive	 more	 light,	 while	 those	 above	 the	 line	 of	 the	 cloud	 base	 are	 in	 the	 cloud,	which	is	essentially	foggy	conditions	with	low	light	and	more	moisture.		
The	 method	 refinements	 and	 understandings	 of	 growth	 rates	 explained	 above	 are	included	in	a	modified	protocol	to	predict	time	since	fire	 in	Box	2.1	(p.	28-29),	 including	
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calibration	graphs	to	be	used	for	fast	estimation	of	time	since	fire	in	the	field	from	3600-4200	 m.	 These	 calibration	 graphs	 (Fig	 2.5	 in	 Box	 2.1)	 show	 that	 while	 elevation	 in	Northern	Ecuador	has	minimal	affect	on	predictions	 from	3600-3800	m	and	 from	4000-4200	m,	the	steep	decrease	in	Espeletia	growth	rates	 in	the	elevation	zone	3800-4000	m	leads	 to	years	of	difference	 in	 the	predictions	of	 time	 since	 fire.	 It	 is	possible	 that	other	páramo	regions	will	have	a	similar	phenomena	and	 it	 is	 important	that	growth	rates	are	specific	to	elevation.		
The	updated	growth	rates	 (Ramsay	et	al.	 in	 review)	show	that	growth	rates	also	change	with	plant	heights	(age).	There	is	a	slightly	increased	growth	rate	for	plants	taller	than	2	m,	except	above	4200	m	where	plants	above	this	height	grow	more	slowly	(Ramsay	et	al.	 in	review;	Appendix	1).	As	plants	grow	taller,	night-time	rosette	temperatures	decrease	and	slower	 metabolism,	 even	 damage	 to	 the	 plant’s	 apical	 meristem,	 becomes	 more	 likely.	However,	at	lower	elevations,	this	is	likely	to	be	outweighed	by	improved	growth	in	early	mornings.	 Espeletia	 plant	 stems	 hold	 a	 inner	 reservoir	 of	 water	 that,	 insulated	 by	 the	marcescent	 leaves,	 provide	 a	 supply	 of	 unfrozen	 water	 to	 the	 leaves	 in	 early	 morning	when	soil	water	is	potentially	still	too	cold	to	be	of	use	(Ramsay	2014).	Taller	plants	will	benefit	more	as	they	hold	more	water.	 	At	4200	m,	the	water	reservoir	effect	may	not	be	enough	to	compensate	for	the	colder	rosette	temperatures	at	night.	However,	this	increase	in	growth	rates	is	not	expected	to	be	confounding	when	attempting	to	predict	fire	histories	in	regularly	burned	landscapes,	as	plants	above	2	m	are	uncommon.	
The	success	of	this	method	to	use	giant	rosette	marcescent	leaf	cover	and	growth	rates	to	predict	 time	 since	 fire	 has	 significant	 implications	 for	 future	 ecological	 research	 in	 the	
Espeletia	 dominated	 páramos	 of	 Northern	 Ecuador	 and	 Colombia.	 To	 this	 point,	investigations	of	fire	impacts	have	been	limited	by	the	very	few	specific	sites	where	fires	have	been	recorded.	The	ability	to	predict	time	since	fire	allows	for	more	comprehensive		investigations	of	the	direct	impacts	of	fire	on	plant	communities,	soils,	and	water	provision	through	time.	Fire	histories	are	also	influential	in	investigations	of	longer	term	changes	in	the	 páramo,	 ie.	 impact	 of	 climate	 change	 or	 of	 elevation	 on	 biodiversity.	 Fire	 causes	
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greater	 shifts	 in	 both	 environmental	 conditions	 and	 plant	 community	 composition	 than	the	subtler	effects	of	long	term	change.	It	is	therefore	important	to	know	in	which	stage	of	the	fire	cycle	each	study	sites	are	in.	This	method	will	allow	investigations	to	standardize	time	 since	 fire	 and	will	 provide	 a	means	 to	 carry	 out	 better	 studies	 in	 future	 (Ramsay,	2014).		
The	next	step	for	this	method	to	be	useful	on	a	wide	scale,	is	to	begin	measuring	Espeletia	growth	 rates	 at	 various	 altitudes	 throughout	 the	 Northern	 Andean	 páramo	 (Box	 2.1).		Limitations	 of	 this	 approach	 to	 predict	 recent	 fire	 histories	 include	 firstly,	 that	 at	 the	moment	it	is	specific	to	one	species,	Espeletia	pycnophylla.	Other	species,	such	as	Espeletia	
grandiflora	in	Colombia	have	potential	as	indicators	and	further	study	into	this	subspecies	would	 extend	 the	 geographical	 boundaries	 of	 where	 this	 approach	 can	 be	 used.	 This	approach	 will	 only	 ever	 be	 applicable	 however,	 in	 regions	 with	 Espeletia.	 Southern	Ecuador,	Peru,	Costa	Rica	and	Panama	all	have	tussock	grass	dominated	páramo	without	
Espeletia	giant	rosettes	species.	These	regions	have	regular	 fire	disturbance	and	face	the	same	 challenges	 of	 habitat	 conversion,	 climactic	 change	 and	 the	 need	 for	 sustainable	management	(Horn	&	Kapelle,	2009).	It	would	be	useful	to	have	an	on	the	ground	method	of	indicating	time	since	fire	in	these	regions	also.	Investigations	have	begun	studying	the	relationship	between	tussock	grass	height	and	density	through	time	after	 fire	to	develop	an	 approach	 of	 indicating	 time	 since	 fire	 in	 southern	 paramos	 and	 this	 direction	 of	research	warrants	further	attention.		
Finally,	while	time	since	fire	is	a	very	important	factor	of	fire	regimes,	it	is	not	the	whole	story.	This	method	of	indicating	time	since	fire	from	Espeletia	marcescent	leaf	cover	does	not	 reveal	 the	 frequencies	 of	 fire	 or	 the	 intensity	 of	 the	 last	 fire.	 Fire	 frequency,	 ‘the	number	of	 fires	per	unit	 time	 in	a	particular	stand	of	páramo’	 (Horn	&	Kapelle,	2009)	 is	thought	to	determine	the	vegetation	structure	and	fuel	availability	of	a	site,	influencing	the	spatial	 extent	 and	 intensity	 of	 fires	 (Keating,	 2007).	 Fire	 intensity	 is	 a	 very	 important	factor	of	fire	regimes	and	has	been	shown	to	have	differential	and	significant	impacts	on	the	survival	of	plants	during	fire	and	the	trajectory	of	plant	community	recovery	(see	Ch.3).
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Box	2.1	Modified	protocol	to	predict	time	since	fire	and	Calibration	graphs	for	the	field		 1. Measure	 growth	 rates	 over	 3	 or	 more	 years	 at	 200	 m	 intervals	 of	 elevation.	Recommended	at	least	10	plants	at	each	elevation	as	growth	rates	vary	from	plant	to	plant	and	year	to	year.		2. Identify	an	area	for	which	time	since	fire	is	required,	ensuring	that	study	site	does	not	contain	overlapping	fire	histories.	3. Select	 50	 plants	 that	 have	 lower	 limit	 of	 marcescent	 leaf	 cover	 of	 1-1.5	 meters	above	the	ground.	This	lower	limit	ensures	that	the	plants	were	of	a	height	during	the	fire	that	the	marcescent	leaves	would	have	been	completely	removed.	Measure	marcescent	 leaf	 cover	 of	 each	plant	 ie.	 the	 extent	 or	height	 of	 accumulated	dead	leaf	 blades	 (not	 including	 leaf	 bases	 remaining	 from	 fire)	 from	 the	 lowest	 point	that	 the	 marcescent	 leaves	 attach	 to	 the	 stem	 up	 to	 highest	 point	 marcescent	leaves	 attach	 at	 the	 base	 of	 the	 living	 rosette	 (see	 Fig	 2.1).	 	 	 In	 the	 case	 of	asymmetrical	marcescent	leaf	cover,	always	measure	on	the	side	of	plant	that	that	the	fire	has	burned	highest	on	the	stem.		4. Discard	the	top	and	bottom	10%	of	marcescent	leaf	cover	measurements	to	leave	a	core	 80%	of	measurements	 (40	 plants).	 This	 is	 a	 precaution	 to	 remove	 outliers.	Fires	occasionally	miss	entire	plants	or	some	plants	may	grow	unusually	slow		5. Calculate	time	since	fire	by	the	following	two	steps:	a. Estimating	 the	 observed	 stem	 growth	 by	 dividing	 mean	 marcescent	 leaf	cover	by	the	annual	growth	rate;	b. 	Calculating	 time	 since	 fire	by	adding	 together:	 time	needed	 for	observed	stem	growth	plus	time	needed	to	regrow	rosette.		i. Time	 needed	 to	 regrow	 rosette	 =	 0.39	 years	 for	 E.	 pycnophylla,	Northern	Ecuador.		ii. Do	not	include	this	step	for	sites	with	<10	cm	mean	marcescent	leaf	cover,	as	plants	are	likely	still	in	the	phase	of	rosette	recovery					
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Box	2.1	continued	Fig.	2.5		Calibration	graphs	to	be	used	for	fast	estimation	of	time	since	fire	in	the	field	from	3600-4200	m	elevation,	Northern	Ecuador.	Based	on	Espeletia	pycnophylla	growth	rates	(Ramsay	et	al	in	review,	Appendix	1)	(a)	3600-3800	m	;	(b)3800-4000	m	;	(c)	4000-4200	m	Equation	of	fit	lines:	predicted	time	since	fire	=	0.39+(1/growth	rate)	*Marcescent	Leaf	Cover	*graphs	cannot	be	used	for	<10cm	marcescent	leaf	cover	
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Chapter	3:	Espeletia	as	Indicators	of	Post	Fire	Intensity	
3.1	Introduction	
Understanding	 fire	 regimes	 in	 the	páramo	grasslands	of	 the	Northern	Andes	 is	 essential	for	 informing	conservation	and	management	decisions	and	to	disentangle	 the	ecosystem	responses	 to	 fire	 from	 those	 to	 longer	 term	 environmental	 change.	 Fire	 regimes	 in	 the	Andean	páramos	are	complicated	as	burning	cannot	be	considered	one	single,	consistent	form	of	disturbance	(	Ramsay,	2001;	Horn	&	Kappelle,	2009).	Fires	can	have	very	different	impacts	 and	 can	 alter	 the	 direction	 of	 vegetation	 recovery,	 depending	 on	 the	 local	circumstances	 at	 the	 time	 of	 fire	 (Grubb,	 1970;	Keating,	 2007)	 (	 Ramsay,	 2001;	Horn	&	Kappelle,	 2009).	 The	 behaviour	 of	 páramo	 fires	 (rate	 of	 spread,	 spread	 direction,	 flame	length,	 rate	 of	 heat	 release,	 and	 fire	 intensity	 is	 highly	 variable	 and	 is	 determined	 by	factors	 such	 as	 fuel	 availability,	wind	direction,	 site	 topography,	 vegetation	 composition	and	 structure,	 climatic	 conditions	 and	 human	 intervention	 (Horn	 &	 Kappelle,	 2009;	Ramsay,	2014).		
Fire	intensity	and	severity	refer	to	a	combination	of	fire	characteristics	including	the	heat	energy	released	by	 fire	 (Govender	et	al.,	 	2006),	 the	duration	of	 fire	 (Perez	and	Moreno,	1998)	and	the	post	fire	loss	or	change	in	organic	matter	above	ground	and	below	ground	(Keeley,	2009).	These	all	have	been	found	to	be	key	elements	in	determining	plant	survival	and	regeneration	after	 fire	 in	grasslands	 (Ramsay	&	Oxley,	1996;	Govender	et	al.,	 	2006;	Fidelis	et	al.,	2010;	Ghermandi	et	al.,	2013).	Fire	intensity	is	determined	by	the	amount	of	fuel,	slope,	and	wind.	Lower	intensity	fires	occur	when	fires	move	with	the	wind,	up	slopes,	and	move	rapidly	through	drier	fuels,	whereas	high	intensity	fires	occur	when	fire	moves	against	 the	wind,	downslopes,	 and	when	 the	 fuel	 is	 slower	 to	burn.	 (Ramsay,	and	Oxley,	1996;	Horn	&	Kapelle,	2009;	García-Meneses	&	Ramsay,	2014)	Peak	fire	temperatures	and	duration	 of	 fire	 are	 important	 variables	 for	 the	 survival	 of	 plant	 tissues	 and	 the	 longer	plants	 are	 exposed	 to	 detrimental	 temperatures,	 the	 more	 damaging	 the	 effects	 of	 fire	(Whelan,	1995;	Ghermandi	et	al,	2013).	Fire	intensity	and	severity	are	therefore	extremely	
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important	variables	to	analyse	 fire	effects	on	plant	communities	(Stocks	et	al,	1997)	and	plant	 population	 dynamics	 (Whelan,	 1995).	 Unfortunately	 there	 is	 little	 is	 known	 about	fire	intensity	and	severity	and	the	consequential	effects	on	plant	communities	in	páramo	ecosystems.		
The	 determination	 of	 the	 range	 of	 intensities	 and	 severities	 of	 fire	 that	 occur	 during	burning	is	problematic	 in	many	grasslands	(Govender	et	al.,	 	2006).	 In	a	study	in	African	savannas	 by	 Govender	 et	 al	 (2006),	 fire	 intensity	was	 estimated	 from	measurements	 of	fuel	 loads,	 fuel	 moisture	 contents,	 rates	 of	 fire	 spread	 and	 heat	 yields	 of	 fuel	 in	experimental	plots	(Govender	et	al.,	2006).	Fires	were	found	to	have	a	potential	100-fold	range	 of	 <500	 to	 >50	 000	 kW	 m-1	 and	 this	 wide	 range	 was	 found	 to	 have	 significant	consequences	for	post-fire	survival	of	trees	and	shrubs	(Govender	et	al.,	2006).	However,	direct	measurement	 of	 intensity	 is	 not	 always	 possible	 (Govender	 et	 al.,	 2006).	 Remote	sensing	 is	 one	 tool	 used	 to	 assess	 fire	 severity	 (Keeley,	 2009),	 but	 this	 approach	 is	restricted	 in	regions	such	as	the	páramo,	where	high	cloud	cover	 limits	satellite	 imagery	(Ramsay,	2014).	 Indicators	have	been	used	in	some	grasslands	as	surrogate	measures	of	post-fire	 intensity	 and	 severity,	 including	 leaf	 and	 bark	 scorch	 height,	 skeleton	 twig	diameter,	 ash	 deposition	 and	 plant	 mortality	 (Govender	 et	 al.,	 2006;	 Ghermandi	 et	 al.,	2013).	 It	 would	 be	 extremely	 useful	 to	 develop	 such	 an	 indicator	 approach	 in	 páramo	grasslands.	 This	 study	 considered	 the	 potential	 of	 using	 varying	 population	 structure	patterns	of	Espeletia	giant	rosettes	to	estimate	post-fire	intensity	in	the	páramo.		
Espeletia	giant	rosettes,	dominant	plants	in	the	páramos	from	Ecuador	to	Venezuela,	have	been	extensively	studied	in	relation	to	fire	and	it	has	been	found	that	fires	likely	affect	the	distribution	of	age	classes	found	in	Espeletia	populations	(Laegaard,	1992).	The	density	of	juvenile	 Espeletia	 pycnophylla	 in	 Northwestern	 Ecuador	 was	 found	 to	 increase	 after	burning	 (Suarez	 and	 Medina,	 2001).	 Fire	 disturbance	 creates	 germination	 space	 by	clearing	the	dense	vegetation	cover	of	tussock	grasses,	herbs	and	dwarf	shrubs	typical	of	mature	 páramo	 grasslands	 (Laegaard,	 1992;	 Suarez	 and	 Medina,	 2001).	 Espeletia	germination	and	establishment	is	known	to	be	enhanced	by	the	increase	in	space,	light	and	
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nutrients	 (especially	 phosphorous)	 (Laegaard,	 1992;	 Suarez	 and	Medina,	 2001;	 Horn	 &	Kapelle,	 2009).	Espeletia	are	 also	 very	 resilient	 to	 fire	 (Laegaard,	 1992).	Espeletia	 stems	are	covered	by	2-3cm	of	dense	leaf	bases	from	dead	or	burned	leaves.		This	compact	layer	of	 leaf	bases	catches	moisture	from	rain	or	dew	and	is	permanently	wet,	providing	some	protection	 against	 fire.	 The	 density	 of	 this	 compact	 base	 layer	 also	 does	 not	 allow	 in	oxygen	 to	sustain	burning	and	so	only	minor	surface	burning	of	material	usually	occurs.	Only	repeated	fires,	each	removing	a	portion	of	dead	leaf	bases,	can	expose	the	stem	below.	Once	the	layer	of	dead	leaf	bases	is	destroyed,	the	plant	can	be	easily	killed	by	fire	(Smith,	1981;	 Laegaard,	 1992).	 Verweij	 and	 Kok	 (1992)	 found	 adult	 mortality	 of	 Espeletia	
hartwegiana	 in	 Colombia	 to	 be	 higher	 for	 taller	 plants.	 	 Taller	 plants	 would	 have	 been	subjected	 to	more	 fires	 in	 their	 lifetime,	and	are	 therefore	more	susceptible	 to	mortality	(Smith,	1981;	Ramsay,	2014).		
This	 study	 built	 on	 the	 existing	 knowledge	 base	 of	 the	 impacts	 of	 fire	 on	 Espeletia	germination	 and	 survival,	 and	 sought	 to	 determine	 if	 population	 structure	 patterns	(rosette	 diameter	 and	 plant	 height,	 population	 density,	 and	 mortality)	 would	 be	recognizably	 and	 even	 quantifiably	 different	 after	 fires	 of	 different	 intensities.	 	 	 Also	assessed	was	how	different	fire	intensities	changed	several	key	environmental	conditions	related	to	Espeletia	population	dynamics,	including	vegetation	height,	light	levels	and	soil	temperatures.	The	aim	of	 this	research	 is	 to	develop	an	approach	 to	estimate	post	–	 fire	intensity	and	severity	from	these	biotic	and	abiotic	patterns	.		
Rosette	diameters	were	not	expected	 to	vary	significantly,	as	Espeletia	grow	 in	diameter	first	and	then	in	height.	Without	an	increase	in	rosette	diameter,	the	consistent	diameters	of	mature	plants	would	indicate	that	all	plants	had	fully	recovered	from	fire	by	the	time	of	measurement.		More	intense	fires	were	expected	to	lead	to	an	abundance	of	short	(young)	plants	and	a	 loss	of	 taller	 	 (older)	plants.	Higher	 fire	 intensity	was	expected	 to	clear	 the	most	 open	 space,	 reducing	 competition	 from	 other	 species	 and	 making	 available	 more	light	and	nutrients	for	Espeletia	germination	and	seedlings.	Fire	may	also	stimulate	more	
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abundant	flowering	and	promote	sexual	reproduction	(Kovář,	2001)	Garcia-	Meneses	and	Ramsay	(2012)	found	that	giant	rosette	Puya	Hamata	seeds	only	germinated	when	the	soil	temperatures	reached	above	13°C	(around	3°C	above	ambient	daytime	air	temperatures)	(Garcia-	Meneses	PhD	Thesis,	2012).	Espeletia	giant	rosettes	might	also	require	higher	soil	temperatures	to	germinate.	Fire	removes	the	canopy	of	tussock	grasses	and	reveals	bare	ground,	which	allows	the	sun	to	warm	the	soil	enough	for	germination.	Excessive	burning	however,	 removes	 the	 protective	moist	 sheath	 of	 leaf	 bases	 of	 mature	 Espeletia	 plants.	Taller	plants	would	be	killed	when	the	marcescent	leaves	retained	around	the	stem	were	burned	 off	 (Smith,	 1981).	Without	 fire,	 population	 structure	 patterns	 were	 expected	 to	show	 fewer	 short	 plants	 and	 seedlings	 due	 to	 the	 high	 shade	 cover,	 but	 the	 highest	proportion	of	tall	plants	due	to	the	absence	of	fire	induced	mortality.	Higher	intensity	fires	were	expected	to	be	more	destructive	and	to	have	resulted	in	higher	mortality	or	number	of	‘standing	dead’	plants		(which	could	have	also	died	post	–	fire),	but	that	this	pattern	may	not	 have	 been	 noticeable	 given	 the	 amount	 of	 time	 after	 fire.	 Ramsay	 carried	 out	 an	assessment	of	 fire	 intensity	 impacts	directly	fire	and	found	that	the	numbers	of	standing	dead	clearly	increased	as	fire	intensity	increased.	Ramsay	proposed	Espeletia	mortality	as	an	indicator	of	fire	intensity,	but	cautioned	that	if	a	fire	had	been	more	than	2	years	before,	it	is	likely	that	many	of	the	dead	plants	will	have	decomposed	(Ramsay,	2014).	.		
Ramsay	observed	a	fire	that	burned	for	three	days	through	the	grass	páramo	at	3600	m	in	the	 buffer	 zone	 of	 Reserva	 Eologica	 El	 Angel	 on	 3	 August	 2009.	 As	 the	 fire	 burned,	qualitative	observations	were	made	by	Ramsay	and	a	team	of	ecologists,	and	putative	fire	intensities	were	assigned	to	areas	used	later	in	the	study.	These	fire	intensity	areas	were	all	located	within	a	distance	of	600	m	of	each	other	and	included	the	following:	A	recently	unburned	 control	 (where	 the	 fire	would	have	burned	without	 intervention)	 and	burned	areas	 of	 very	 high,	 high,	 medium,	 and	 low	 intensities	 (Ramsay,	 2014).	 For	 this	 study	 I	revisited,	 5	 ½	 	 years	 later,	 this	 August	 2009	 fire	 observed	 by	 Ramsay.	 Ramsay’s	 plots	represent	 the	only	 records	existing	of	 fire	 intensity	 in	 the	páramo.	This	was	 therefore,	a	rare	 opportunity	 to	 observe	 and	 investigate	 the	 impacts	 of	 different	 fire	 intensities	 on	
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Espeletia	populations	and	páramo	ecosystem	dynamics.	This	study	will	 contribute	 to	 the	understanding	of	the	role	of	 fire	 intensity	 in	the	fire	dependent	páramos	and	take	a	step	towards	 being	 able	 to	 incorporate	 and	 standardize	 for	 fire	 intensity	 in	 future	investigations	of	ecological	response.		
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Fig	3.1.	Plots	of	different	fire	 intensity	(assigned	by	Ramsay,	2014)	 in	April	2015,	5	½	years	after	the	August	2009	fire.	(Photos	Maya	Zomer	2015)		
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3.2	Methods	and	Data	Analysis	
	GPS	coordinates	were	used	to	locate	the	exact	plots	of	the	different	fire	intensities	used	in	Ramsay’s	 study	 of	 the	 August	 2009	 fire	 (Ramsay,	 2014).	 There	 were	 4	 fire	 plots	 with	recorded	fire	intensity	categories	(very	high,	high,	medium,	low)	and	1	recently	unburned	control	(situated	directly	at	the	line	where	the	fire	was	put	out	by	fire	fighters).		
One	belt	transect	50	m	x	2	m	was	randomly	selected	within	each	fire	site.	The	belt	transect	was	divided	into	100	m2		quadrats.		
The	 number	 of	 Espeletia	 plants	 in	 each	 transect	 was	 recorded,	 along	 with	 each	 plant’s	height	 and	 rosette	 diameter	 and	whether	 they	were	 dead	 or	 alive.	 Plants	 only	 partially	included	within	 the	 transect	were	 included	 if	 the	main	 stem	was	within	 the	boundaries,	but	not	if	only	leaves	were	within	the	transect.			
Vegetation	height	was	measured	in	each	1m2	quadrat	using	a	height	disc,	20	cm	wide,	with	a	hole	in	the	middle.	The	disc	would	slide	down	a	2	m	measuring	pole		to	rest	on	top	of	the	tallest	vegetation	(excluding	Espeletia)	and	signal	the	height	of	vegetation	(cm).		
Soil	 temperature	was	measured	 at	 20	 cm	 soil	 depth	 using	 Signstek	 3	 1/2	 6802	 II	 Dual	Channel	Digital	Thermometer	with	2	k	Type	Thermocouple	Sensor	Probes.	Measurements	were	taken	at	five	regular	intervals;	5	m,	15	m,	25	m,	35	m,	and	45	m,	along	the	transect.	At	each	 interval	a	 temperature	reading	was	 taken	 in	 three	positions	of	different	shading	levels;	beneath	dense	tussocks	(dark),	on	the	edge	of	tussocks	(intermediate)	and	in	open	intertussock	areas	(light).		
Light	 at	 ground	 level	 was	 determined	 by	 measuring	 the	 percentage	 of	 incident	photosynthetically	 active	 radiation	 (PAR)	using	 a	 SunScan	Canopy	Analysis	 System	with	BF2	Beam	Fraction	Sensor	(Delta-T	Devices	Ltd,	Cambridge,	UK)	.	The	sunscan	probe	was	held	at	ground	level	underneath	the	vegetation	at	50,	1	m	intervals,	along	the	length	of	the	transect.	Each	reading	consisted	of	64	light	measurements	of	the	percentage	of	total	light	(above	 the	 canopy)	 reaching	 the	 sensors	on	 the	ground.	The	median	percentage	of	 total	
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light	 reaching	 ground	 level,	 of	 each	 set	 of	 SunScan	 readings	was	 identified.	 Subsequent	analysis	was	based	on	these	median	values	(n=50	for	each	transect.)	
Standard	 statistical	 analyses	 (Kruskal	 Wallis	 test,	 ANOVA)	 were	 carried	 out	 using	 IBM	SPSS	for	Macintosh	(Version	23,	Armonk,	New	York,	USA).			
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3.3	Results	
Fig	 3.2	 a,	 shows	 that	 higher	 intensity	 plots	 had	 more	 small	 and	 fewer	 large	 rosette	diameters.	Lower	intensity	plots	had	a	greater	proportion	of	larger	rosette	diameters.	The	unburned	control	plot	had	a	similar	distribution	of	 rosette	diameter	distributions	as	 the	very	high	 intensity	plot.	 	 Fig	3.2	b,	 shows	 that	plants	>1.5	m	 tall	were	 rare	or	 absent	 in	higher	 intensity	 fire	 plots,	 but	more	 frequent	 in	 lower	 intensity	 fire	 plots.	 	 In	 Fig.	 3.2	 b,	plants	 <0.1	 m	 represent	 seedlings	 and	 all	 plants	 ≤	 0.5m	 tall	 were	 assumed	 to	 have	recruited	from	seed	after	the	fire	(considering	a	growth	rate	of	9.28	cm	y-1,	5	½	years	of	growth	 equates	 to	 0.51	 m).	 This	 juvenile	 recruitment	 was	 shown	 to	 be	 greatest	 in	 the	medium	intensity	plot	and	lowest	in	the	low	intensity	site.	The	very	high	intensity	plot	had	a	very	 low	proportion	of	 seedlings.	The	unburned	control	had	 the	highest	percentage	of	taller,	 older	 plants	 1.5m-2m+	 (10%)	 but	 also	 an	 abundance	 of	 younger	 plants	 and	seedlings	<0.5m	tall	(68%).	
Fig.	3.2	Proportion	of	Espeletia	population	in	each	sample	of	each	fire	intensity	plot	in	different		a)	diameter	and	b)	height	categories,	5	½	years	after	fire	
 
 		
a)	 	 	 	 	 	 	 b)		
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	A	Kruskal-Wallis	H	 test	 of	Espeletia	 that	 survived	 the	 fire	 (>0.5m	 tall)	 revealed	 that	 the	very	high	intensity	fire	site	had	lower	median	rosette	diameters	than	all	but	the	medium	intensity	plot	(Fig	3.3	a).	There	were	no	significant	differences	between	any	of	the	burned	plots	in	terms	of	median	height,	but	the	very	high	intensity	plot	had	a	significantly	lower	median	height	than	the	unburned	control	(Fig	3.3	b).	 	Fig	3.3.	Median	a)	 rosette	diameter	and	b)	height	of	Espeletia	plants	 that	 survived	 fire	 (ie.	>0.5m	tall)	 in	 each	 fire	 intensity	 plot,	 5	 ½	 years	 after	 fire.	 Different	 letters	 indicate	 significant	differences	at	p<0.05	as	calculated	by	Dunn’s	(1964)	pairwise	comparisons	post	hoc	test.		
	
							b.											
a.	 	 	 	 	 	
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Fig	3.4	a,	 	 shows	 that	 the	unburned	control	had	 the	highest	population	 	of	 live	Espeletia	plants..	Within	the	burned	intensity	sites	there	is	a	bell	shaped	curve	pattern,	in	which	the	high	intensity	plot	had	the	highest	number	of	Espeletia.		Fig	3.4b,	that	the	number	of	plants	>0.5	 m	 tall	 (that	 lived	 through	 fire)	 increased	 as	 fire	 intensity	 decreased,	 with	 the	excpetion	of	the	medium	intensity	site.	Fig	3.4	c,	shows	that		the	number	of	standing	dead	was	extremely	high	in	the	very	high	intensity	site,	but	low	and	of	similar	numbers	in	the	other	burned	plots	and	the	unburned	control.			Fig	3.4	Number	of	Espeletia	100m-2		a)	Total	number	of	all	live	plants;	b)	Number	of	live	plants	>0.5m	(have	lived	through	fire	in	burned	plots);	c)	Total	number	of	standing	dead	plants,	5	½	years	after	fire.		
 
 
		
 
 
 
 
 
 	
 
 
 	
 
 	
a.	 	 	 	 	 	 	 b.	
c.	
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Fig	 3.5	 a,	 shows	 that	 the	 proportion	 of	 taller	 vegetation	 increased	 as	 fire	 intensity	decreased,	with	 the	exception	of	 the	medium	 intensity	plot.	The	unburned	control	had	a	very	high	proportion	of	140	cm	 	+	vegetation	(not	 found	 in	any	of	 the	burned	plots)	but	also	had	a	range	of	shorter	vegetation.		Fig	3.5	b,	shows	that	light	reaching	the	ground	level	decreased	between	 the	burned	plots	 as	 fire	 intensity	decreased.	The	very	high	 intensity	plot	had	the	widest	range	of	light	levels,	all	greater	than	10%.	The	unburned	control	had	a	greater	proportion	of	higher	light	levels	than	the	low	and	medium	fire	plots.				Fig	 3.5	 	 Distributions	 in	 each	 fire	 intensity	 plot	 of	 a)	 height	 of	 vegetation	 (excluding	 Espeletia)	(n=100)	and	b)	medians	of		incident	PAR	reaching	ground	level	(n=50),	5	½	years	after	fire.	 
 
 	
 
 
 
 
 
 
 
 
 
b. 
 
 
 
 
 
 
 
 
 
 
 
a.	 	 	 	 	 	 	
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Soil	 temperatures	were	 similar	 in	medium,	 low	 fire	 intensity	 plots	 and	 in	 the	 unburned	control,	but	were	approximately	0.5°C	higher	in	the	high	intensity	plot	and	approximately	1.5°C	 higher	 in	 the	 very	 high	 intensity	 plot	 (Fig	 3.6	 a).	 Soil	 temperatures	 were	 lower	beneath	dense	 grass	 tussocks	 than	 in	more	open	 intertussock	 areas	 (‘light’)	 (Fig.	 3.6	b).	Soil	temperatures	on	the	edge	of	tussocks	were	similar	to	open	intertussock	areas.		
 
Fig 3.6. Soil	Temperatures	at	20	cm	depth	(°C)		5	½	years	after	fire	a)	Mean	±	 standard	 error	 soil	 temperatures	 in	 each	 fire	 intensity	 plot	 (n=15)	b) Mean	±	standard	error	soil	temperatures	at	each	level	of	shading	(light,	intermediate,	dark)	(n=25).	Different	 letters	 indicate	 significant	 differences	 at	 p	 <	 0.05	 as	 calculated	 by	 pairwise	comparisons	post	hoc	test	
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3.5	Discussion	
The	 range	 of	 different	 fire	 intensity	 plots	 showed	 marked	 differences	 in	 Espeletia	population	 structure	 and	 environmental	 conditions.	 Clearly	 fire	 intensity	 and	 severity	matter	and	there	was	a	legacy	left	over,	even	5	½	years	after	fire.	The	aim	of	this	study	was	to	find	patterns	consistent	across	the	full	range	of	 intensities	to	use	as	 indicators	of	post	fire	 intensity,	 but	 none	 of	 the	 Espeletia	 population	 dynamics	 assessed	 fulfilled	 this	requirement.	 This	 may	 be	 because	 the	 intensity	 categories	 used	 in	 the	 study	 did	 not	actually	 fit	 with	 the	 ecological	 response	 thresholds	 of	 Espeletia	 to	 fire.	 The	 results	 did	suggest,	 however,	 that	Espeletia	 population	 patterns	 could	 differentiate	 a	 high	 intensity	fire	from	a	low	intensity	fire.		
Espeletia	rosettes	do	not	grow	throughout	the	life	of	the	plant	and	all	mature	plants	were	expected	to	have	similar	rosette	diameters,	but	our	results	showed	they	were	significantly	smaller	 in	 the	very	high	 intensity	plot.	 In	some	 instances,	 rosettes	will	not	grow	to	 their	full	 diameter	 but	 this	 is	 a	 symptom	 of	 an	 unhealthy	 plant	 due	 to,	 for	 example,	 disease,	predation	by	insects,	or	potentially	fire	damage.	High	intensity	fires	may	stunt	growth	of	rosettes	 by	 direct	 damage	 to	 rosette	 or	 damage	 of	 the	 environmental	 conditions	surrounding	plant	that	affects	its	growth.		
Higher	intensity	plots	had	less	tall	plants,	as	expected,	due	to	the	higher	mortality	of	older	plants	that	had	lost	their	dead	leaf	base	 layer	on	the	stem	in	previous	fires	(Smith	1981;	Laegaard,	1992).	The	total	numbers	of	taller	plants	found	in	all	sites	were	very	few.	Lower	intensity	sites	had	lower	juvenile	recruitment,	also	as	expected,	since	these	fires	are	often	fast	moving	 and	patchy	 (Ramsay,	 2014),	 removing	much	 less	 of	 the	 tussock	 canopy	and	creating	less	space	and	light	for	germination	of	Espeletia	seeds.		The	greatest	abundance	of	juveniles	were	found	in	the	medium	intensity	site,	rather	than	the	higher	intensity	plots	as	was	 expected.	 This	 suggests	 that	while	 fire	 is	 an	 important	 disturbance	 factor	 to	 create	germination	 space,	 there	 is	 a	 threshold	 of	 fire	 intensity	 after	 which	 germination	 is	 no	longer	 enhanced.	 It	 has	 been	 discussed	 in	 other	 grasslands	 that	 because	 very	 high	
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intensity	fires	cause	prolonged	burning	in	same	place,	the	high	temperatures	move	down	through	protective	soil	layers	(Horn,	1997;	Bond	and	van	Wilgen	1996;	Fidelis	et	al	2010).	With	 higher	 fire	 intensities	 and	 severities,	 buried	 seeds	 are	 subjected	 to	 higher	temperatures	 (Bond	 and	 van	 Wilgen,	 1996).	 This	 has	 been	 found	 to	 stimulate	 the	germination	of	seeds	from	a	greater	range	of	soil	depths	(Bond	and	Van	Wilgen,	1996),	but	it	 is	also	 suspected	 that	 too	high	 temperatures	can	damage	subterranean	bud	and	shoot	systems	of	grassland	species	(Fidelis	et	al.,	2010).	In	this	case,	the	high	intensity	fire	could	have	 negatively	 impacted	 the	 dormant	 Espeletia	 seeds,	 leading	 to	 a	 lower	 rate	 of	germination.	 Ghermandi	 et	 al	 (2013)	 sampled	 post-fire	 soil	 seed	 banks	 in	 two	 sites	 of	different	fire	severity	in	the	Patagonian	steppe	grasslands	and	found	that	high	fire	severity	reduced	the	presence	of	 fugitive	species	(those	that	need	fire	to	recruit)	 in	the	seedbank	(Ghermandi	et	al.,	2013).		
The	 count	 of	 ‘standing	 dead’	 was	 >70%	 in	 the	 very	 high	 intensity	 plot,	 a	 distinctly	recognizable	 characteristic	 after	 5	½	 years	 of	 recovery	 after	 the	 fire	 and	 unexpected	 as	dead	 plants	were	 predicted	 to	 have	 decomposed	 (Ramsay,	 2014).	 It	would	 be	 useful	 to	investigate	 how	 long	 dead	 plants	 remain	 standing	 and	 for	what	 time	 span	 the	 signal	 of	mortality	remains	as	a	useful	indicator	of	intensity.	The	population	of	mature	plants	that	survived	the	fire	was	higher	in	the	low	intensity	plot	than	the	high	intensity	plot,	as	lower	intensity	 fires	 move	 more	 quickly,	 doing	 less	 damage	 to	 Espeletia	 stem	 sheaths,	 and	occasionally	missing	whole	plants	(Ramsay,	2014).	
The	clearest	patterns	found	were	those	of	the	correlated	environmental	conditions	of	the	burned	 plots;	 vegetation	 height,	 incident	 of	 light	 beneath	 vegetation,	 and	 soil	temperatures.	Higher	intensity	plots	had	a	large	proportion	of	0-20	cm	vegetation	height,	indicating	 the	 presence	 of	 bare	 ground	 even	 5	 ½	 years	 after	 fire	 and	 thus	 the	 slow	recovery	 of	 tussocks	 and	 shrubs.	 This	 is	 consistent	 with	 findings	 by	 Ghermandi	 et	 al	(2013)	that	showed	high	severity	fires	reduced	the	perennial	herb	and	perennial	grass	and	shrub	cover	in	Patagonian	steppe	grasslands	due	to	the	mortality	of	entire	or	partial	bud	
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banks	 of	 these	 resprouter	 species.	 	 Low	 vegetation	 height	 and	 cover	 resulted	 in	 higher	light	 levels	 at	 ground	 level	 in	 high	 intensity	 plots	 and	 higher	 soil	 temperatures	 (0.5°C	higher	in	the	high	intensity	plot	and	approximately	1.5°C	higher	in	the	very	high	intensity	plot	 than	 the	 others).	 	 Medium	 to	 low	 intensity	 fires	 had	 a	 consistent	 cover	 of	 tussock	grasses.	This	 thick	canopy	of	grass	 let	 in	 less	 light	at	ground	 level	and	resulted	 in	 lower	soil	temperatures.		
The	 results	 from	 the	 recently	 unburned	 control	 were	 unexpected	 in	 both	 Espeletia	population	 structure	 patterns	 and	 environmental	 conditions.	 This	 site	 showed	 the	most	heterogenous	vegetation	structure,	with	an	abundance	of	140cm+	vegetation	(not	found	in	the	 intensity	 sites)	 that	was	 observed	 to	 be	 tall	 shrubs	 and	 the	 highest	 number	 of	 2m+	
Espeletia.	 However	 there	 was	 also	 a	 fair	 proportion	 of	 0-20cm	 vegetation	 and	 light	reaching	 ground	 level	 (more	 than	 both	 the	 low	 and	 medium	 intensity	 sites)	 and	 an	abundance	of	Espeletia	seedlings.	This	suggests	that	the	tall	shrubs	have	outcompeted	the	tussock	 grasses,	 allowing	 open	 space	 to	 be	 cleared	 at	 ground	 level.	 	 This	 is	 a	 very	interesting	 result,	 as	 it	 has	 been	 previously	 assumed	 that	 Espeletia	 would	 not	 thrive	without	 fire	 (Laegaard,	 1992),	 and	 raises	 some	 interesting	 questions	 about	 the	successional	trajectory	of	paramo	plant	communities	(see	ch	4).	However	I	only	had	one	recently	unburned	control	in	this	site	and	cannot	reach	any	definitive	conclusions.		
It	 is	recommended	that	further	research	continues	to	focus	on	fire	intensity	and	severity	as	 important	elements	in	páramo	fire	and	vegetation	dynamics.	 In	an	indicator	approach	based	upon	this	study,	a	high	intensity	site	would	be	characterized	by	open	vegetation	and	patches	of	bare	ground,	high	light	 levels,	high	soil	temperatures,	 few	taller	Espeletia,	and	high	Espeletia	mortality.	A	low	intensity	site	would	be	characterized	by	closed	vegetation,	low	light	levels,	 lower	soil	temperatures,	more	tall	Espeletia	and	low	Espeletia		mortality.	Further	 study	 should	 focus	 on	 quantifying	 these	 differences.	 Incident	 of	 light	 at	 ground	level	was	the	most	comprehensive	data	set	of	this	study	and	the	only	trend	that	did	show	a	consistent	 pattern	 along	 the	 full	 scale	 of	 burned	 intensity	 plots.	 Light	 decreased	 as	 fire	
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intensity	decreased.		A	promising	direction	would	therefore	be	to	focus	on	the		incident	of	light	 and	 tussock	 grass	 density	 as	 the	 primary	 indicative	 pattern	 of	 post-fire	 intensity.	However,	 there	may	 be	 a	 time	 limit	 after	 fire	 for	which	 these	 signals	 can	 be	 picked	 up.	Horn	(1986)	observed	that	bare	patches	of	ground	in	the	Costa	Rican	páramo	can	persist	for	 up	 to	 a	 decade	 following	 burning.	 It	 would	 be	 useful	 to	 follow	 up	 by	 continuing	 to	monitor	 the	 fire	 intensity	 sites	 assessed	 in	 this	 study	 to	 see	 how	 long	 these	 patterns	persist	after	fire.		
Fire	intensity	and	severity	is	a	neglected	theme	in	páramo	fire	research	(Ramsay	&	Oxley,	1996;	Govender	et	al.,		2006;	Fidelis	et	al.,	2010).	In	other	systems	where	fire	intensity	and	severity	has	been	studied,	 it	has	been	confirmed	that	these	factors	strongly	influence	the	recovery	 and	 biodiversity	 of	 plant	 communities	 in	 grasslands	 (Ghermandi	 et	 al.,	 2013,).	Fire	 intensity	 determines	 recruitment	 and	 community	 composition	 after	 fire	 due	 to	 the	variable	 susceptibility	 of	 different	 plant	 seeds	 and	 buds	 to	 heat	 levels	 (Keeley	 &	Fotheringham,	 2000).	 In	 South	 African	 savannas,	 fire	 intensity	 was	 found	 to	 have	important	 effects	 on	 the	 dynamics	 of	 the	 tree	 layer	 (Govender	 et	 al.,	 	 2006).	 In	 the	Patagonian	 steppe	 grasslands	 high	 fire	 severity	was	 found	 to	 decrease	 vegetation	 cover	and	 to	 increase	 the	 abundance	 of	 exotic	 species	 (Ghermandi	 et	 al.,	 2013).	 Furthermore,	fire	intensity	can	be	accidently,	or	intentially	manipulated	by	people	and	fire	management	decisions	 (Govender	 et	 al.,	 	 2006;	 Keating,	 2007).	 Suppression	 of	 fires	 in	 grassland	landscapes,	 as	 is	 the	 predominant	 management	 strategy	 throughout	 the	 páramo,	 can	result	 in	 a	 build	 of	 abnormally	 high	 fuel	 loads	 (Keating,	 2007).	 Fuel	 load	 is	 the	 total	amount	 of	 dry	biomass,	 ie.	 ‘the	 total	 amount	 of	 heat	 energy	 available	 for	 release	during	fires’	 (Whelan,	 1995).	 This	 can	 lead	 to	 atypically	 large	 and	 intense	 fire	 that	 can	 have	devastating	 effects	 on	 the	 landscape	 (Keating,	 2007).	 	 The	 future	 development	 of	 an	effective	 indicator	of	 post-fire	 intensity	 can	potentially	 enable	wider	 studies	 and	deeper	understandings	 of	 vegetation	 recovery	 after	 páramo	 fires	 and	 inform	 sustainable	management.		
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Chapter	4:		Vegetation	Recovery	after	fire	
4.1	Introduction	
Fires	 are	 the	most	 significant	 human	 impact	 in	 the	 páramo	 grasslands	 of	 the	 Northern	Andes	 (Laegaard,	 1992;	Ramsay,	 2001;	Ramsay	&	Oxley,	 1996;	Horn	&	Kappelle,	 2009).	Although	 man-made	 fires	 have	 existed	 in	 the	 páramos	 for	 thousands	 of	 years,	 fire	frequency	is	now	on	the	rise	(Ramsay,	2001).	Sustainable	management	of	these	increasing	fire	frequencies	is	therefore	a	key	management	issue	in	the	páramos.	Widespread	burning	of	 páramo	 grasslands	 is	 commonly	 viewed	 as	 a	 threat	 to	 the	 ecosystem	 integrity	 and	services	in	the	high	Andes	(Buytaert	et	al.,	2006;	Matson	&	Bart,	2014).	This	view	has	led	to	the	putative	suppression	of	burning	as	a	conservation	strategy	in	many	protected	areas	(Southgate	&	Wunder,	2007;	Keating,	2007;	Horn	&	Kappelle,	2009;	Matson	&	Bart,	2014).	Understanding	biodiversity	 and	 community	 level	 responses	 of	management	decisions	 in	the	 páramo	 requires	 an	 in	 depth	 knowledge	 of	 both	 fire	 regimes	 and	 how	 páramo	vegetation	recovers	through	time	after	fire	(Ramsay,	2001,	Matson	&	Bart,	2014).	
There	 have	 been	 a	 growing	 number	 of	 studies	 focused	 on	 páramo	 vegetation	 and	 fire	dynamics	(Horn	&	Kappelle,	2009;	Ramsay,	2014),	but	an	understanding	of	the	impacts	of	fire	 on	 biodiversity	 and	 plant	 community	 recovery	 over	 ecological	 timescales	 is	 still	lacking	(Matson	&	Bart,	2014).		
It	has	been	proposed	that	intermediate	fire	disturbance	represents	a	powerful	mechanism	of	 promoting	 and	 maintaining	 species	 diversity	 in	 páramo	 grasslands	 (Sklenář	 and	Ramsay,	 2001;	 Keating,	 2007;	 Horn	 &	 Kappelle,	 2009).	 Regular	 burning	 in	 the	 páramo	promotes	 a	 destruction-renewal	 cycle	 that	 has	 resulted	 in	 a	 landscape	 composed	 of	 a	mosaic	 of	 patches	 in	 varying	 stages	 of	 recovery	 (Grubb,	 1977;	 Smith	 &	 Young,	 1987	Ramsay,	 1999;	 Ramsay,	 2001).	 Finer	 scale	 patchiness	 is	 caused	 by	 heterogeneity	 in	vegetation	 structure	 that	 leads	 to	 patchy	 distribution	 of	 fuel	 and	 variable	 fire	temperatures,	which	results	in	differential	plant	mortality,	colonization	and	growth	in	the	time	 after	 a	 fire	 (Ramsay	 &	 Oxley,	 1996;	 Ramsay,	 2001).	 It	 has	 been	 found	 that	 this	
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patchiness	and	variability	 in	recovery	after	fire	disturbance	of	moderate	frequencies	and	intensities	 corresponds	 with	 high	 levels	 of	 species	 diversity	 at	 the	 landscape	 scale	(Sklenář	and	Ramsay,	2001;	Keating,	2007)	and	greater	species	richness	at	a	finer,	within	patch,	 scale	 (Ramsay	 &	 Oxley,	 1996;	 Sklenář	 and	 Ramsay,	 2001;	 Sarmiento	 &	 Frolich,	2002).	 ‘Intermediate’	 levels	 of	 fire	disturbance	or	 the	 ‘optimal’	 fire	 regime	are	 yet	 to	be	defined	 in	 the	 context	 of	 páramo	 grasslands	 (Keating,	 2007),	 and	 doing	 so	 requires	research	on	the	 long	term	successional	 trajectories	of	plant	communities	with	respect	to	fire	frequency,	time	of	ignition	and	other	physical	variables			(Keating,	2007).		
Studies	of	post-fire	vegetation	development	have	been	carried	out	 in	Ecuador,	Colombia,	Venezuala,	 and	 Costa	 Rica	 and	 have	 shown	 variable	 changes	 in	 composition,	 cover	 and	stature	(Horn	&	Kappelle,	2009).	A	select	few	have	monitored	vegetation	recovery	through	time	after	fires	in	Ecuador	(Sklenář	&	Ramsay,	2001;	Keating,	2007).	Keating	(2007)	and	Ramsay	(2001)	concluded	that	páramo	vegetation	recovery	does	not	follow	one	particular	successional	 pattern,	 as	 fires	 can	 have	 very	 different	 effects	 on	 vegetation	 depending	 a	range	of	environmental	factors	that	determine	the	intensity	and	extent	of	a	particular	fire		(Luteyn,	1999;	Sklenár	and	Ramsay,	2001;	Suárez	and	Medina,	2001;	Keating,	2007).	Fire	behaviour	 is	 determined	 by	 the	 pre-fire	 community	 structure	 (the	 nature	 of	 vegetation	structure	and	 fuel’	mostly	dead	tussock	grass	 leaves)	and	 fire	event	conditions	(weather	conditions	 prior	 to	 and	 during	 the	 fire	 that	may	 further	modify	 the	 intensity)	 (Ramsay,	2001).	 Fires	 of	 different	 extents,	 intensities,	 and	burning	patterns	 can	have	 significantly	differential	 impacts	 on	 the	 survival,	 recruitment,	 and	 growth	 of	 plant	 species	 	 (Ramsay,	2001;	 see	 ch	 3).	 Rates	 of	 grass	 regeneration	 have	 been	 observed	 to	 be	 high,	 but	 the	impacts	of	 fire	on	other	páramo	life	 forms	vary	widely	(Horn,	1989;	Keating,	1998).	 	For	example,	Janzen	(1973)	described	a	species	of	shrub	in	the	Costa	Rican	páramo,	Hypericum	
irazuense,	to	resprout	vigorously	after	fire.	This	was	later	contradicted	by	descriptions	of	the	same	species	in	the	same	site	experiencing	high	mortality,	low	resprouting	rates	and	to	have	mostly	recolonized	by	seed,	after	a	different	fire	(Horn,	1997).	
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Páramo	 plant	 community	 recovery	 following	 fires	 seem	 to	 involve	 shifts	 in	 relative	abundance	more	than	species	replacement	and	could	be	characterized	as	‘autosuccession’	(Sarmiento	et	al,	2003).	All	páramo	species	are	adapted	to	fire	and	have	a	distinct	way	of	survival	 (Laegaard,	 1992).	 High	 temperature	 avoidance	 has	 been	 found	 to	 be	 the	 most	common	survival	strategy	(protecting	buds	beneath	the	soil	surface	or	within	other	plant	parts)	(Ramsay	&	Oxley,	1996).	Tussock	grasses,	as	well	as	many	sedges	and	other	herbs,	are	 expected	 to	 survive	 the	 fire	 and	 regenerate	 from	protected	meristems	within	 a	 few	weeks	or	months	after	burning	(Sklenář	&	Ramsay,	2001).		Woody	species,	such	as	upright	shrubs,	 are	 more	 often	 killed	 by	 fire,	 so	 at	 least	 initially,	 burning	 favours	 grasses	(Williamson	 et	 al,	 1986;	 Keating,	 1998).	 Recolonization	 of	 the	 gap,	 as	 the	 tussock	 grass	structure	rebuilds,	has	been	found	to	be	largely	a	random	process	(Ramsay,	2001;	Ramsay	&	 Oxley,	 1996).	 Many	 plant	 species,	 such	 as	 giant	 rosettes	 Espeletia	and	 Puya	 resprout	vigorously	 following	 fire,	 taking	 advantage	 of	 the	 space,	 light	 and	 nutrients	 suddenly	available	 (Horn	&	Kappelle,	2009).	Recovery	of	plant	communities	has	been	observed	 to	be	 slow,	 with	 a	 slow	 turnover	 and	 accumulation	 of	 species	 with	 time,	 due	 to	 the	 cold	climate	 conditions	 at	 high	 altitudes	 (Ramsay,	 2001).	 It	 is	 expected	 that	 as	 tussocks	dominate	and	the	vegetation	closes,	competition	for	light	and	space	reduces	diversity	and	growth	 forms	 that	 exist	 at	 ground	 level,	 such	 as	 basal	 rosettes,	 prostrate	 herbs	 and	prostrate	shrubs	will	be	less	frequent.	When	the	tussock	grass	canopy	is	fully	formed,	the	burning	cycle	 is	ready	to	begin	again	(Sklenář	&	Ramsay,	2001).	The	 long-term,	 fire-free	response	 is	 expected	 to	 show	dominance	by	upright	 shrubs	and	 low	diversity	as	 light	 is	restricted.			
The	 variability	 of	 species	 recovery	 after	 fire	 makes	 the	 recognition	 of	 these	 main,	community-level	successional	trends	difficult.	An	alternative	that	has	gained	credibility	in	recognizing	 successional	 patterns	 is	 the	 use	 of	 plant	 functional	 types.	 	 Plant	 functional	types	 are	 ‘nonphylogenetic	 groupings	 of	 species	 that	 show	 close	 similarities	 in	 their	resource	 use	 and	 response	 to	 environmental	 and	 biotic	 controls’	 	 (Wilson,	 1999).	 Plant	functional	 types	 are	 derived	 from	 traits	 of	 morphology,	 physiology	 and/or	 life	 history	
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(Duckworth	 et	 al.,	 2000).	 The	 usefulness	 of	 functional	 groups	 in	 understanding	successional	patterns	is	well	acknowledged	as	community	assembly	is	very	dependent	on	functional	traits	(Duckworth	et	al.,	2000).	Functional	types	are	not	yet	defined	for	páramo	grasslands,	 but	Ramsay	 and	Oxley	 (1997)	 proposed	 a	 growth	 form	 classification	 for	 the	plants	 of	 the	 Ecuadorian	 páramos,	 consisting	 of	 ten	 growth	 forms:	 stem	 rosettes,	 basal	rosettes,	 tussock	 grasses,	 acaulescent	 rosettes,	 cushions	 and	 mats,	 upright	 shrubs,	prostrate	shrubs,	erect	herbs,	prostrate	herbs	and	trailing	herbs	(Fig.	4.1).		
In	Reserva	Ecológica	El	Ángel	I	had	a	range	of	recorded	fire	dates	from	2000-2014.	From	these	sites,	each	with	a	different	time	since	fire,	I	aimed	to	piece	together	a	history	of	how	plant	 community	 composition	 had	 changed	 throughout	 time	 after	 fire,	 i.e.,	 using	 a	chronosequence.	 Chronosequencing	 is	 the	 most	 used	 indirect	 approach	 for	 measuring	ecological	 temporal	 dynamics	 (Walker	 et	 al	 2010).	The	 approach	has	been	 criticized	 for	being	used	incorrectly	and	leading	to	false	conclusions	of	ecological	processes,	particularly	in	species	rich	ecosystems	where	successional	trajectories	are	divergent	and	variable.	Yet	Walker	 et	 al	 (2010)	 concluded	 that	when	 used	 appropriately,	 chronosequences	 provide	valuable	 insights	of	vegetation	change	and	ecological	succession	that	cannot	be	achieved	in	any	other	way.	In	the	case	of	the	páramo,	sites	in	this	study	are	spatially	separate	(ie.	do	not	influence	the	others’	development)	and	have	been	repeatedly	burned	for	thousands	of	years	in	a	process	that	has	homogenized	them	to	a	point	that	the	main	trends	should	have	a	predictable	direction.	Analyses	based	on	the	diversity	and	frequencies	of	the	ten	páramo	growth	 forms	 through	 time	 were	 therefore	 intended	 to	 reveal	 the	 main	 trends	 and	directions	of	successional	change.	The	results	of	this	study	may	also	contribute	to	a	deeper	understanding	 of	 the	 response	 of	 growth	 forms	 to	 fire,	 which	 may	 help	 formulate	 a	functional	type	classification	in	the	páramo.	 
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4.2	Methods	
Fire	dates	 and	GPS	 coordinates	 of	 historical	 fire	 sites	 in	Reserva	Ecológica	El	Ángel	 and	buffer	zone,	and	La	Bretaña	were	taken	from	a	report	by	Valdospinos	Navas	(2008),	local	fire	brigade	records	and	written	reports	from	Reserve	rangers.	 	The	terrain	made	access	difficult	to	many	of	the	recorded	fires	 in	the	centre	of	the	park	and	far	from	a	road.	This	study	 included	only	known	 fire	 sites	within	 two	hours	walk	of	 a	 road,	 located	with	GPS	coordinates.	 Sixteen	 sites	 were	 assessed	 in	 this	 study,	 including	 only	 the	 ‘medium’	 fire	intensity	and	the	recently	unburned	control	plots	 from	ch.	3.	 	The	dates	of	 fires	spanned	the	years	2000-2014.	The	fire	sites	ranged	in	elevation	from	from	3500–3900	m,	all	within	the	‘grass	páramo’	zone.		
One	belt	transect	50m	x	2m	was	randomly	selected	within	each	fire	site.	The	transect	was	divided	into	100	x	1	m2	quadrats.	The	presence	or	absence	of	each	of	the	10	páramo	plant	growth	forms	(Fig.	4.1	;	Ramsay	and	Oxley	1997)	was	recorded	in	each	1	m2	quadrat.		
Fig	4.1	Ten	growth	forms	of	vascular	plants	in	the	Ecuadorian	páramos.	(a)	stem	rosette;	(b)basal	rosette;	 (c)	 tussocks;	 (d)	 acaulescent	 rosettes;	 (e)	 cushion/mat	 ;	 (f)	 upright	 shrub;	 (g)	prostrate	 shrub;	 (h)	 erect	 herb;	 (i)	 prostrate	 herb;	 (j)	 trailing	 herb.	 (Ramsay	 and	 Oxley	1997).	 	
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Vegetation	 height	was	measured	 in	 each	 1	m2	 quadrat	 using	 a	 height	 disc,	 20	 cm	wide,	with	a	hole	in	the	middle.	The	disc	would	slide	down	a	2	m	measuring	pole	to	rest	on	top	of	the	tallest	vegetation	(excluding	Espeletia)	and	indicate	the	height	of	vegetation	(cm).		
Soil	temperature	was	measured	at	20	cm	depth	using	Signstek	3	1/2		6802	II	Dual	Channel	Digital	 Thermometer	 with	 2	 K-type	 thermocouple	 sensor	 probes.	 Measurements	 were	taken	at	five	regular	intervals	along	the	transect:	5	m,	15	m,	25	m,	35	m,	and	45	m.	At	each	interval	 a	 temperature	 reading	 was	 taken	 in	 each	 of	 three	 shading	 conditions:	 beneath	dense	 tussocks	 (dark),	 on	 the	 edge	 of	 tussocks	 (intermediate)	 and	 in	 open	 intertussock	areas	(light).		
Light	 at	 ground	 level	 was	 determined	 by	 measuring	 the	 percentage	 of	 incident	photosynthetically	 active	 radiation	 (PAR)	using	 a	 SunScan	Canopy	Analysis	 System	with	BF2	Beam	Fraction	Sensor	(Delta-T	Devices	Ltd,	Cambridge,	UK)	.	The	sunscan	probe	was	held	 at	 ground	 level	 underneath	 the	 vegetation	 at	 1	m	 intervals	 along	 the	 length	 of	 the	transect	(50	in	total).	Each	reading	consisted	of	64	light	measurements	of	the	percentage	of	 total	 light	 (above	 the	 canopy)	 reaching	 the	 sensors	 on	 the	 ground.	 The	 median	percentage	 of	 total	 light	 reaching	 ground	 level,	 of	 each	 set	 of	 SunScan	 readings	 was	identified.	Subsequent	analysis	was	based	on	these	median	values	(n=50	for	each	transect).	
4.3	Data	Analysis	
Shannon’s	diversity	index	(using	loge)	was	calculated	for	all	sites	and	standard	statistical	tests	were	performed	with	 IBM	SPPS	statistics	 for	Macintosh	 (Version	23,	Armonk,	New	York,	USA).			
Non-metric	 multidimensional	 scaling	 (MDS)	 rotated	 Bray	 Curtis	 was	 carried	 out	 in	Community	 Analysis	 Package	 (CAP)	 (version	 4,	 Pisces	 Conservation	 LTD)	 to	 assess	 the	similarities	in	plant	community	composition	between	the	fire	sites.	Sites	were	plotted	with	relative	distance	from	one	another	reflecting	their	similarity	in	growth	form	composition.		
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Shannon’s	 diversity	 for	 growth	 forms,	 growth	 form	 richness,	 and	 relative	 frequency	 of	each	 individual	growth	 form	 in	 fire	sites	were	calculated	 for	sites	with	 time	since	 fire	of	1.5–10	years.	Mean	vegetation	height,	mean	soil	temperatures,	and	median	percentages	of	incident	of	light	at	ground	level	were	also	assessed	for	these	fire	sites.	
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4.4	Results	
Diversity	of	growth	forms	in	sites	through	time	after	fire	followed	a	three	phased	pattern	(Fig	4.2).	 In	phase	1,	 there	was	a	rapid	 increase	(within	2	years)	 to	 the	highest	 levels	of	diversity,	 There	 was	 only	 one	 site	 <1.5	 years	 after	 fire.	 	 In	 phase	 2,	 diversity	 slowly	decreased	to	the	lowest	levels	8–10	years	after	fire.	The	bulk	of	our	data	was	in	this	time	range.	In	phase	3,	diversity	increased	from	10	to	15	years	after	fire	and	was	even	higher	in	the	recently	unburned	control	(almost	to	the	levels	of	highest	diversity	1.5-5.6	years	after	fire).	There	were	only	two	sites	were	>10	years	after	fire.		
Fig	 4.2.	 Three	 phases	 of	 vegetation	 recovery	 after	 fire	 illustrated	 by	 Shannon’s	 diversity	 Index	through	time	after	fire	of	sixteen	sites.	The	unburned	control	is	given	the	arbitrary	value	of	20	years	since	fire,	though	it	is	likely	to	be	longer	than	this..		
	
	
	
	
	
	
	
	
								
Phase	1	Early	increase		 Phase	2	Mid	decrease	R2=	0.565				
Phase	3	Late	increase			
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Composition	of	growth	forms	in	plant	communities	did	change	through	time	after	fire,	but	did	not	progress	 in	a	clear	 linear	pattern	(Fig.	4.3).	Community	compositions	were	fairly	similar	between	sites	1.5–5.6	years	after	fire	and	between	8–10	years	after	fire,	with	the	exception	of	one	site	(7	years	after	fire).	0.5	years	after	fire	and	15	years	after	fire,	the	two	extreme	ends	of	the	timeline,	were	separate	from	all	other	sites	in	terms	of	composition.	The	unburned	control	was	most	similar	in	composition	to	sites	1.5	–	5.6	years	after	fire.			
Fig	4.3.	Non	metric	Multidimensional	Scaling	of	plant	community	composition	based	on	presence	absence	 data	 /100m2.	 	 Each	 number	 represents	 the	 time	 since	 fire	 of	 a	 single	 fire	 site.	 	 The		ecological	distance	along	the	axes	describes	the	difference	in	species	composition.	The	further	a	site	is	 from	 another,	 the	 greater	 the	 difference	 in	 the	 community	 assemblages	 of	 those	 sites.	 	 Blue	dotted	line	signifies	the	divide	between	plant	community	assemblages	0.5-5.6	year	since	fire	and	7-10	years	since	fire.			 																
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	Analysis	 of	 only	 burned	 sites	 1.5–10	 years	 after	 fire	 (Phase	 2	 in	 Fig.	 4.2)	 shows	 that	diversity	decreased	as	time	since	fire	increased	(regression:	F	1,	11	=	14.3,	p	=	.003	Fig	4.4	a).	Richness	of	growth	forms	did	not	vary	greatly	through	time	from	1.5	to	10	years	after	fire	(Fig.	 4.4	 b)	 and	 Pearson’s	 correlation	 confirmed	 this	 relationship	 was	 not	 significant	(p=.710.	The	majority	of	sites	had	nine	of	the	ten	growth	forms	present.	Lowest	richness	was	 found	 in	 two	 sites,	 both	 9	 years	 after	 fire	 (five	 and	 seven	 growth	 forms	 present	respectively).			Fig	4.4	 Growth	 forms	 in	 thirteen	 sites,	 1.5	 –	 10	 years	 after	 fire	 a)	 Shannon’s	 diversity	 index	y	=	2.11-0.06x,	r2	=	0.565	,	p	<0.05)	and	b)	growth	form	richness	(of	10	growth	forms).	
 																				
a)		 	 	 	 	 	 	 	 	 	 	 		 	 	 	 	 	 	 	 	 	 	 	 	
b)		 	 	 	 	 	 	 	 	 	 	 		 	 	 	 	 	 	 	 	 	 	 	 	
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The	frequencies	of	several	growth	forms	decreased	as	time	since	fire	increased	from	1.5	to	10	 years	 (Fig	 4.5):	 prostrate	 herbs	 (regression:	 F1,11=	 10.1,	 p=.009	 ),	 prostrate	 shrubs	(regression:	F1,11=	17.9,	p	=	.001),	cushions	and	mats	(regression:	F1,11=	6.9,	p=	0.024),	and	giant	basal	rosettes	(regression:	F1,11=	9.3,	p=	0.011).		
Fig	4.5		Frequency	of	four	plant	growth	forms	in	100m2	plots	of	differing	times	since	fire,	1.5	–	10	years	 after	 fire.	 	 (a)	 prostrate	 herbs	 (r2=	 0.551,	 y	 =	 50.14	 –	 4.5x)	 ;	 	 (b)	 prostrate	 shrubs	(r2=0.621,	y	=	71.01-6.93x)			;	 	(c)	cushions	&	mats	(r2=0.385,	y	=	37.52	–	3.19x);		(d)	giant	basal	rosettes	(r2=0.459,	y	=	36.82	–	3.39x).			
	
	
a.	 	 	 	 	 	 										b.	
c.	 	 	 	 	 										d.	
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The	 frequencies	 of	 some	 growth	 forms	 did	 not	 follow	 a	 distinct	 pattern	 of	 changing	frequencies	through	time	from	1.5	–	10	years	after	fire	(Fig.	4.6):	Erect	herbs,	(regression:	
F1,11=	3.7,	p=	0.213),	 trailing	herbs	 and	acaulescent	 rosette	 growth.	Trailing	herbs	never	reached	more	than	1%	frequency	in	any	sites,	and	are	only	found	in	the	later	sites	>8	years	since	fire.	Acaulescent	rosettes	were	most	frequent	1.5	years	and	7	years.					Fig	4.6.	Frequencies	of	three	growth	forms	in	100m2	plots	in	sites	of	differing	times	since	fire,	1.5	–	10	years	after	fire.			(a)	erect	herbs;		(b)	trailing	herbs;		(c)	acaulescent	rosettes.		
	
	
	
	
	
 
 
 
 
 		
a.	 	 	 	 	 	 									b.	
c.	 	 	 	 	 	 								 			
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Upright	 shrubs,	 giant	 stem	 rosettes	 and	 tussock	 grasses	 did	 not	 follow	 a	 pattern	 of	predictably	changing	frequencies	1.5	to	10	years	after	 fire	(regression:	p>0.05)	(Fig	4.7).	Upright	 shrubs	 had	 20%	 -	 65%	 frequency	 in	 all	 sites.	 Giant	 stem	 rosettes	 had	 40-99%	frequencies	 in	all	 sites,	with	 the	exception	of	one	 (7	years	after	 fire).	Tussocks	had	very	high	frequency	(99%-100%)	in	all	sites.		
Fig	4.7	Frequencies	of	three	growth	forms	in	100m2	plots	in	sites	of	differing	times	since	fire,	1.5	–	10	years	after	fire.	(a)	giant	stem	rosettes;		(b)	upright	shrubs;		(c)	tussock	grasses.	
 
 
 
		
					
 
 
 
 
 		
a.	 	 	 	 	 	 								 			b.	
c.	 	 	 	 	 	 								 			
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Mean	vegetation	height	increased	as	time	since	fire	increased	from	1.5	–	10	years	after	fire	(regression:	 F1,11=13.7,	 p=0.04	 Fig	 4.8a).	 Soil	 temperatures	 at	 depth	 decreased	 as	 time	since	fire	increased	(regression,	F1,11	=	34.3,	p<.001;	Fig	4.8b).	Fig	 4.8	 Environmental	 variables	 in	 sites	 1.5	 –	 10	 years	 after	 fire	 (a)	 mean	 vegetation	 height	(y=16.91	+	3.67x,	r2	=	0.553)	(b)	mean	soil	temperatures	at	20	cm	depth		(y	=	8.9	–	0.3x,	r2	=	0.757).																													
a.														b.																		
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Median	 percentages	 of	 incident	 PAR	 reaching	 ground	 level	 decreased	 as	 time	 since	 fire	increased	from	1.5	to	10	years	after	fire	(Fig	4.9	a)	(regression:	F	1,647=	491.0,	p<.001).	The	range	of	light	median	measuremernts	reduced	in	the	later	fire	sites,	with	the	exceptions	of	2.4	years	after	fire	(represented	by	two	sites)	and	7	years	after	fire.	Even	in	the	sites	with	the	most	limited	range	of	medians,	there	were	measurements	up	to	50-60%	incident	PAR	(Fig	 4.9a).	 The	 proportion	 of	 heavy	 shading	 (<10	 %	 incident	 of	 light	 at	 ground	 level)	increased	as	 time	 since	 fire	 increased	 from	1.5	 –	10	years	 since	 fire	 (regression:	F	1,11	 =	23.7,	p<.001	Fig	4.9	b).	The	 recently	unburned	 control	had	a	median	percentage	PAR	of	12.4		and	the	proportion	of	heavy	shading	was	62%	of	measurements.	
Fig	 4.9	 Incident	 of	 light	 at	 ground	 level	 in	 thirteen	 sites	 1.5	 –	 10	 years	 after	 fire	 (a)	medians	 of		incident	PAR	 reaching	ground	 level	 (n=50	 for	 each	 site).	Each	 site’s	 set	of	medians	was	assigned	a	different	 colour.	Overlapping	 colours	 represent	different	 sites	with	 the	 same	time	 since	 fire	 (y	 =	 55.5-5.51x,	 r2	 =	 0.431)	 (b)	 proportion	 of	medians	 that	were	 <10	%	incident	PAR	reaching	ground	level	(y	=-10.78	+10.16x,	r2	=	0.683)		
 
 
 
 
 
 	
 
 
 				
  
 
 
 
 
 
 
 
 
 
 
a.										b.	
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4.5	Discussion		Although	 community	 assembly	 dynamics	 are	 known	 to	 be	 highly	 variable	 after	 páramo	fires	 (Ramsay,	 2001;	 Keating,	 2007),	 this	 analysis	 of	 growth	 forms	 revealed	 a	 few	main	trends.	 Post	 fire	 development	 of	 páramo	 plant	 communities	 showed	 three	 phases	 of	growth	 form	 diversity	 levels	 and	 community	 composition	 through	 time	 after	 fire.	 	 	 The	driving	 forces	of	 these	 successional	patterns	are	 thought	 to	be	differential	 survival	 after	fire,	 competitive	 interactions	 between	 growth	 forms,	 and	 temporal	 changes	 in	environmental	 conditions	 as	 the	 structure	 of	 vegetation	 and	 soil	 developed	 (Ramsay,	2001).		
Phase	1	of	recovery	showed	a	rapid	rise	in	diversity	after	fire	to	the	highest	levels	within	2.5	 years.	 The	 rapid	 accumulation	 of	 growth	 forms	 after	 fire	 is	 contrary	 to	 previous	studies	that	observed	slow	rates	of	species	accumulation	over	time	(Sklenář	and	Ramsay	2001;	Keating,	2007).	There	 could	have	been	a	high	 rate	of	plant	 survival	 in	 the	 sites	of	this	study,	that	were	able	to	resprout	from	protected	vegetative	parts.	There	may	also	be	a	contribution	from	soil	seedbanks,	which	have	been	suggested	to	play	an	important	role	in	post	 fire	 species	 recovery	 in	 the	 Colombian	 páramo	 (Vargas-Rio,	 1997)	 and	 other	grasslands	 (Ghermandi	 et	 al.,	 2013)	 but	 the	 extent	 of	 this	 is	 unknown.	 There	were	 not	enough	data	 from	 this	 early	 phase	 of	 recovery	 to	 statistically	 analyse	 this	 rapidly	 rising	trend	 of	 diversity	 after	 fire	 and	 it	 would	 be	 useful	 focus	 future	 research	 on	 plant	community	recovery	on	this	time,	0	-	2.5	years	after	fire.			
	Phase	2	of	 recovery	showed	a	decrease	 in	diversity	 from	1.5	 to	8-10	years	after	 fire.	As	diversity	of	growth	forms	decreased	from	1.5	–	10	years	after	fire,	growth	form	richness	did	 not	 vary	 greatly.	 This	 supports	 the	 theory	 that	 succession	 after	 fire	 in	 the	 páramo	involves	 a	 shift	 in	 the	 relative	 abundance	 of	 growth	 forms	 rather	 than	 replacement	(Sarmiento	et	al.,	2003).	The	MDS	plot	showed	that	compositions	of	the	more	recent	time	since	 fire	 sites,	 1.5	 –	 5.6	 years,	 were	 different	 than	 the	 later	 sites	 8-10	 years	 after	 fire,	illustrating	 that	 there	 were	 changes	 in	 the	 balance	 of	 growth	 forms	 found	 in	 plant	
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communities	 through	 time	 after	 fire.	 One	 site	 7	 years	 after	 fire,	 was	 not	 similar	 in	composition	 to	 any	 of	 the	 other	 sites.	 This	 site	was	 located	 on	 the	 edge	 of	 the	 El	 Angel	buffer	 zone,	 adjacent	 to	 agricultural	 fields	 and	 was	 the	 only	 site	 in	 this	 study	 to	 be	regularly	 grazed	 by	 cows.	 This	 grazing	 had	 a	 visible	 effect	 on	 the	 vegetation	with	 large	spaces	between	tussocks,	a	greater	abundance	of	erect	herbs	and	short	grasses,	and	few,	if	any,	 Espeletia	 seedlings.	 Grazing	 disturbance	 often	 occurs	 alongside	 fire	 in	 páramo	grasslands	 and	 their	 combined	 effects	 have	 been	 studied	 by	 Hofstede	 et	 al	 (1995),	 and	Ramsay	 and	 Oxley	 (2001),	 who	 concluded	 the	 combined	 disturbance	 regimes	 maintain	fragmented	tussock	grasses	and	prevent	the	conversion	into	low	lying	grass	mats.		
In	 this	 second	 phase	 of	 recovery,	 certain	 growth	 forms	 decreased	 in	 abundance	 as	tussocks	 dominated	 and	 competed	 for	 light	 and	 space.	 Frequencies	 of	 prostrate	 herbs,	prostrate	 shrubs,	 cushions	 and	mats,	 and	giant	basal	 rosettes	were	 abundant	 soon	after	fire	 but	 steadily	 decreased	 as	 time	 since	 fire	 increased	 from	 1.5	 to	 10	 years.	 Ramsay	(2001)	 observed	 that	 initial	 colonization	 of	 gaps	 after	 fire	 was	 primarily	 due	 to	resprouting	 from	 survivors	 of	 fire,	 specifically	 tussock	 grasses,	 cushions	 and	 reptant	species.	 Prostrate	 herbs,	 prostrate	 shrubs	 and	 cushions	 and	 mats	 have	 all	 developed	survival	strategies	including	protected	apical	buds,	subterranean	bud	and	shoot	systems,	and	possibly	 soil	 seedbanks	 (Laegaard,	 1992).	 As	 these	 growth	 forms	 grow	 close	 to	 the	ground,	 it	 is	 likely	 they	 take	 advantage	 of	 the	 increase	 in	 light	 availability	 to	 grow	 and	spread	 after	 fire.	 Giant	 basal	 rosettes,	 such	 as	Puya	hamata	 in	 the	Northern	Ecuadorian	paramos,	are	also	known	to	survive	fires	by	protecting	the	vegetative	shoot	apex	of	leaves	with	 dense	 leaf	 sheaths	 (Laegaard,	 1992)	 and	 germination	 is	 encouraged	 by	 post-fire	environmental	 conditions	 (Laegaard,	 1992;	 García-Meneses	 &	 Ramsay,	 2014;).	 	 Garcia-Meneses	and	Ramsay	(2012)	found	that	Puya	hamata	seeds	require	the	soil	to	be	warmer	than	typical	ambient	air	temperatures	for	seeds	to	germinate	in	the	páramo.	Fire	removes	the	 canopy	of	 tussocks,	 allowing	 the	 sun	 to	warm	 the	 soil	 (Garcia-	Meneses	PhD	Thesis,	2012).	 Over	 time,	 these	 prostrate	 and	 low-to-the-ground	 growth	 forms	 were	 likely	
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outcompeted	by	the	increasing	height	and	density	of	tussock	grasses	that	prevented	light	from	reaching	the	ground.		
Frequencies	 of	 erect	 herbs,	 trailing	 herbs,	 and	 acaulescent	 rosettes	 did	 not	 follow	 a	significant	successional	pattern	through	time	from	1.5	to	10	years	after	fire.	 	Erect	herbs	often	 survive	 by	 seeds	 that	 survive	 the	 heat	 of	 the	 fire	 (Laegaard,	 1992).	 Perhaps	 this	growth	 form	 was	 not	 excluded	 through	 competition	 from	 tussocks	 because,	 unlike	prostrate	 growth	 forms,	 erect	 herbs	 can	 grow	 above	 the	 tussock	 grass	 to	 reach	 light.	Trailing	herbs	were	rare	and	were	only	found	in	sites	8-10	years	after	fire.	Trailing	herbs	grow	through	the	tussock	grasses,	so	it	can	be	expected	that	this	growth	form	favours	the	continuous	 grass	 cover	 found	 in	 the	 later	 sites.	 Acaulescent	 rosettes	 survive	 fire	 by	protecting	the	apical	bud	beneath	the	soil	surface	(Laegaard	1992)	and	in	this	study	were	most	abundant	in	the	grazed	site,	where	constant	disturbance	maintained	space	between	the	 tussocks.	 It	 is	unkown	how	these	 low-growing	plants	avoided	being	outcompeted	by	tussock	 grasses	 in	 the	 other	 sites	 and	 further	 consideration	 of	 this	 in	 future	 studies	 is	needed.		
Frequencies	 of	 giant	 stem	 rosettes,	 upright	 shrubs	 and	 tussock	 grasses	 did	 not	 follow	 a	successional	pattern	of	 change	either,	but	maintained	high	 frequencies	 throughout	1.5	–	10	 years	 after	 fire.	 Giant	 stem	 rosettes	 had	 40-99%	 frequencies	 in	 all	 sites,	 with	 the	exception	of	one	(7	years	after	fire-	the	grazed	site).	Giant	stem	rosettes	tolerate	fire	well,	protecting	 apical	 buds	 in	 giant	 leaf	 rosettes	 which	 are	 lifted	 above	 the	 fire	 (Laegaard	1992).	 Germination	 of	 some	 species	 of	 giant	 stem	 rosettes,	 eg.	 Espeletia	 pycnophylla	 is	known	 to	be	 enhanced	by	 fires	due	 to	 the	 availability	of	 open	 space,	 light	 and	nutrients	(Laegaard,	 1992;	 Suarez	 and	 Medina,	 2001;	 Horn	 &	 Kapelle,	 2009;	 see	 ch.	 3).	 Upright	shrubs	had	20%	-	65%	frequency	in	all	sites,	despite	the	common	assumption	that	woody	species	are	the	most	disadvantaged	by	fire	disturbance.	Horn	and	Kapelle	(2009)	point	out	that	 a	 single	 fire	 is	 unlikely	 to	 completely	 remove	 shrubs	 as	 many	 will	 recolonize	 by	sprouting	 from	protected	buds	 or	 by	 seeds,	 and	 this	 held	 true	 in	 the	 sites	 of	 this	 study.	
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Keating	 (2007)	 observed	 that	 in	 the	 Ecuadorian	 paramos	 some	 shrub	 species	 in	 fact	benefited	 from	 occasional	 fires.	 	 	 Tussock	 grasses	 maintained	 99	 –	 100%	 percentage	frequency	throughout	all	sites	1.5	–	10	years	after	fire.	Tussocks	are	rarely	killed	by	fires	(Hofstede,	1995)	as	their	deeply-seated	shoot	apices	and	buds	are	protected	against	heat	in	the	centre	of	the	tussock	base	(Laegaard,	1992).	However,	tussocks	often	tiller	on	their	periphery	after	burning:	a	 single	 large	 tussock	being	replaced	by	several	 small	 tussocks.	Fragmented	 tussocks	either	 recover,	 remain	 fragmented,	or	are	 replaced	by	 low	mats	of	grass	and	herbs	depending	on	the	subsequent	burning	and	grazing	of	the	area	(Vergweij	and	Kok.,1995).		
In	 the	 case	 of	 tussocks	 and	 shrubs,	 frequency	 (based	 on	 presence/absence	 data)	 is	 not	fully	reflective	of	growth.	The	height	and	density	of	vegetation	plays	a	more	important	role	in	 the	 development	 of	 vegetation	 structure,	 the	 alteration	 of	 environmental	 conditions	through	time	and	in	successional	change.	Mean	vegetation	height	increased	as	time	since	fire	 increased	 from	 1.5	 –	 10	 years	 after	 fire.	 	 These	 height	 measurements	 were	predominantly	of	tussock	grasses	(the	dominant	growth	form	in	these	sites)	and	it	can	be	seen	that	 the	 increasing	height	of	 tussocks	 is	an	 inverse	of	 the	decreasing	 frequencies	of	prostrate	 herbs,	 prostrate	 shrubs,	 cushions	 /mats,	 and	basal	 rosettes.	 This	 supports	 the	successional	model	that	tussocks	changed	environmental	conditions	of	neighbouring	gaps	and	outcompeted	other	growth	forms	for	space	and	light.	Median	percentages	of	incident	light	 reaching	 ground	 level	 decreased	 as	 time	 since	 fire	 increased	 from	 1.5	 to	 10	 years	after	 fire.	 The	 proportion	 of	 <10	 %	 incident	 of	 light	 at	 ground	 level	 (heavy	 shading)	increased	 as	 time	 since	 fire	 increased	 from	 1.5	 –	 10	 years	 since	 fire,	which	 reflects	 the	increasing	density	of	vegetation.	Mean	soil	temperatures	at	depth	decreased	through	time,	likely	caused	by	 the	reduction	 in	 light	 reaching	ground	 level.	However,	 in	all	 sites,	 some	places	 always	 remained	 within	 the	 survey	 plots	 that	 received	 50	 –	 60%	 incident	 light.		This	implies	that	all	sites	still	had	a	level	of	heterogeneity	in	vegetation	structure	and	can	explain	why	the	less	competitive	growth	forms	decreased	in	frequency,	but	were	not	fully	eliminated.	
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In	Phase	3	of	 recovery	suggested	by	 this	 study—represented	by	plots	 from	10–15	years	after	 fire,	and	 the	unburned	control—diversity	of	growth	 forms	began	 to	 increase	again.	The	 unburned	 control	 had	 growth	 form	 diversity	 levels	 and	 composition	 similar	 to	 the	highest	levels	recorded	in	sites	2.4	–	5.6	years	after	fire.	This	is	an	unexpected	trajectory	of	vegetation	recovery,	and	while	there	were	not	enough	data	in	this	study	to	be	confident	of	this	trend,	it	raises	some	very	interesting	questions	about	long	term	fire-free	response	of	plant	communities	 in	 the	páramo.	Growth	 form	data	showed	that	 the	15	years	since	 fire	and	unburned	control	had	notably	less	tussock	grass	cover	(only	89%	and	79%	frequency	respectively)	and	the	highest	frequencies	of	upright	shrubs	(68%	and	73%	respectively).	Woody	 encroachment	 has	 been	 previously	 found	 to	 result	 in	 declines	 in	 biodiversity	(Costello	et	al.,	2000;	Sabatini	et	al.,	2003;	Ratajczak	et	al.,	2012).	In	this	study,	it	was	seen	that	 as	 time	 since	 fire	 increased,	 upright	 shrubs	 began	 to	 dominate,	 outcompeting	 the	tussock	grasses	and	presumably	resulting	in	a	less	dense	ground	cover	of	vegetation	that	created	 space	 and	 allowed	 light	 in	 at	 ground	 level	 for	 less	 competitive	 growth	 forms	 to	thrive.	 The	 median	 light	 level	 were	 similar	 to	 later	 sites	 but	 the	 proportion	 of	 heavy	shading	was	less	than	many	of	the	sites	8-10	years	after	fire	and	less	than	the	site	5.6	years	after	fire.		
Matson	 and	 Bart	 (2014)	 investigated	 shrub	 encroachment	 following	 the	 release	 from	burning	in	the	páramo	in	Ecuador,	12	years	after	the	last	fire.	They	found	also	that	shrub	cover	did	not	have	a	significant	effect	on	herbaceous	species	richness.	They	suggest	 that	the	 ameliorative	 effects	 of	 shrubs	 (eg.	 frost	 and	 wind	 protection)	 in	 challenging	 alpine	environments	may	compensate,	to	some	extent,	for	the	competitive	effect	of	shrubs	due	to	shading.	 	 However,	 there	 were	 significant	 shifts	 in	 herbaceous	 community	 composition	from	 short-statured	 and	 early	 successional	 species	 to	 tall-statured	 and	 shade-tolerant	species	 (Matson	 &	 Bart,	 2014).	 Woody	 encroachment	 is	 a	 concern	 for	 environmental	managers	 as	 it	 generally	 reflects	 the	 transition	 of	 an	 ecosystem	 to	 an	 alternative	 stable	state	(Brock	&	Carpenter,	2010;	Brandt	et	al.,	2013)	and	is	not	easily	reversed.	This	novel	
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ecosystem	is	maintained	by	positive	feedbacks	from	changes	in	temperature,	soil	moisture	or	nutrient	availability	(Matson	&	Bart,	2014).				
In	order	to	understand	the	replacement	patterns	during	successional	trajectories	of	plant	communities,	 observations	are	needed	 throughout	entire	 timelines	 since	 fire.	This	 study	was	 lacking	 in	 data	 from	 directly	 after	 fire	 (<1.5	 years	 since	 fire)	 and	 after	 long	 term	release	 from	 burning	 (>10	 years	 since	 fire)	 and	 further	 research	 focused	 on	 these	timescales	 is	 required.	 This	 study	 also	 did	 not	 consider	 species-level	 diversity	 patterns.	This	 is	 important	as	similar	growth	form	compositions	could	have	been	different	species	compositions.	Further	investigation	is	needed	at	the	species	level	to	fully	understand	the	implications	for	biodiversity	and	community	composition	through	time	after	fire,	and	from	the	 possible	 transition	 from	 grass	 to	 shrub	 dominated	 páramo	 as	 a	 result	 of	 fire	suppression.	Particular	attention	should	be	focused	on	endemic	species	and	other	species	of	 conservation	 concern	 (Matson	 &	 Bart,	 2014).	 Finally,	 the	 impact	 of	 fire	 suppression	management	strategies	(and	potential	shifts	from	tussock-dominated	to	shrub	dominated	páramo)	on	the	provision	of	ecosystem	services	merits	attention.		
This	study	has	taken	a	step	towards	understanding	the	direction	and	determining	the	time	needed	 for	vegetation	 recovery	after	burning	 in	 the	páramo.	 In	 the	East	African	 tropical	alpine	 grasslands	 it	 has	 been	 proposed	 that	 rather	 than	 linear	 succession	 after	 fire,	burning	 begins	 a	 series	 of	 complete	 or	 incomplete	 (if	 burning	 was	 repeated	 too	 soon)	successional	 cycles	 (Beck	 et	 al.,	 1986).	 This	 study	 showed	 that	 0.5-	 1.5	 years	 after	 fire,	certain	 growth	 forms	 resprouted	 or	 germinated	quickly,	 promoted	by	 the	 availability	 of	space,	 light	and	nutrients	from	fire	and	the	reduced	tussock	grass	canopy.	From	1.5	–	10	years	after	fire,	tussock	grasses	progressively	recovered	in	height	and	density,	restricting	light	and	 lowering	 soil	 temperatures	and	outcompeting	 low	growing	growth	 forms.	This	study	 suggests	 that	 after	more	 than	 10	 years	 without	 fire,	 vegetation	 developed	 a	 new	trajectory	with	increasing	dominance	by	shrubs.		Diversity	of	growth	forms	was	highest	in	sites	 2.4	 –	 5.6	 years	 after	 fire,	 which	 by	 classic	 ecological	 theory	 may	 be	 considered	
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intermediate	levels	of	disturbance,	allowing	both	early	successional	and	late	successional	growth	 forms	 to	 thrive.	 This	 coexistence	 of	 the	 full	 range	 of	 growth	 forms	 supports	 the	view	 that	 the	páramo	 is	 an	 ecosystem	 that	 can	 sustain	 certain	 levels	 of	 fire	 disturbance	(Ramsay,	2001;	Myers,	2006;	Keating,	2007;	Horn	&	Kapelle,	2009).	This	study	provides	an	 outline	 and	 a	 basis	 for	 future	 work	 on	 vegetation	 recovery	 within	 and	 outside	 of	burning	cycles	and	contributes	to	the	understanding	of	appropriate	frequencies	of	fire	to	be	incorporated	into	sustainable	fire	management	strategies	in	the	páramo.		
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Chapter	5	:	Conclusions	and	Future	Directions	
The	 biodiverse	 and	 unique	 páramo	 grasslands	 of	 the	 Northern	 Andes	 are	 critically		important	hydrological	systems	in	South	America	and	are	vulnerable	to	changing	land	use	practices	and	global	climate	change	(Buytaert	2006).	Since	1975,	more	than	a	dozen	major	protected	 areas	 have	 been	 established	 in	 Ecuador	 that	 include	 tropical	 alpine	 páramo	grasslands	 (Ministerio	 de	 Ambiente	 2005).	 These	 grasslands	 have	 been	 influenced	 by	anthropogenic	 fire	 disturbance	 for	 thousands	 of	 years	 (Ramsay	2001;	White	 2013),	 and	thus	 fire	 management	 has,	 for	 millennia,	 been	 an	 important	 determinant	 of	 ecosystem	characteristics	 that	 we	 might	 consider	 ‘pristine’	 today.	 To	 be	 effective,	 conservation	strategies	need	 to	 take	account	of	 ecological	processes,	 including	 those	 involving	 fire,	 in	these	 grasslands,	 and	 not	 on	 ecological	 myths	 of	 the	 ‘pristine’	 (Keating	 2007).	 	 Similar	arguments	have	been	made	with	 respect	 to	management	of	African	 savannahs,	 in	which	pastoralists	 have	 for	 thousands	 of	 years	 shaped	 landscape	 structure	 and	 diversity,	 but	now	 are	 often	 excluded	 in	 an	 attempt	 to	 preserve	 natural	 ecosystems	 (Reid	 2012).		Understanding	 fire	 regimes	 in	páramo	ecosystems	 is	 crucial	 in	order	 to	 link	 fire	ecology	with	sustainable	fire	management	in	the	region.	
This	study	had	two	approaches	to	investigating	fire	ecology	in	the	páramo.	The	first	was	to	develop	 methodologies	 to	 estimate	 recent	 fire	 history	 (time	 since	 fire	 and	 post–fire	intensity)	with	 the	 purpose	 of	 providing	 an	 approach	 that	 can	 be	 included	 in	 all	 future	studies	in	which	fire	histories	are	influential.	Relevant	studies	include	direct	investigations	of	 the	 impacts	 of	 fire	 on	 biodiversity	 and	 vegetation	 recovery	 in	 the	 páramo.	 Indirect	studies	of	the	more	subtle	 impacts	of	 longer	environmental	change	in	the	 landscape	also	benefit	 from	 knowledge	 of	 fire	 histories,	 as	 signals	 of	 change	 are	 often	 confused	 by	 the	more	immediate	effects	of	fire;	Second,	this	study	aimed	to	investigate	vegetation	recovery	after	 fire	 in	 order	 to	 enhance	 understanding	 of	 the	 ecological	 role	 of	 fire	 in	 páramo	grasslands	and	ultimately	to	inform	sustainable	management.		
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It	was	found	that	Espeletia	pycnophylla	marcescent	 leaf	cover	can	be	used	as	an	effective	indicator	of	time	since	fire	(to	±	1	year)	in	páramo	grasslands,	given	known	growth	rates.	Although	Espeletia	population	structure	did	vary	after	burning	with	different	 intensities,	the	patterns	were	not	clear	enough	to	discriminate	between	post-fire	 intensities,	 	except	high	versus	low	intensity.	Different	fire	intensities	did	not	alter	the	estimates	of	time	since	fire,	reaffirming	the	effectiveness	of	Espeletia	as	an	indicator	of	time	since	fire.	Patterns	of	vegetation	height	and	 light	 reaching	ground	 level	 seem	 to	have	 the	most	potential	 to	be	developed	 into	an	 indicator	approach	of	post-fire	 intensity.	Given	 the	 importance	of	 fire	intensity	 in	 influencing	 the	 survival,	 recruitment	 and	 recovery	 of	 plant	 communities	 in	grasslands	 after	 fire	 	 	 (Ramsay	 &	 Oxley,	 1996;	 Keeley	 &	 Fotheringham,	 2000;	 Ramsay	2001;	Ghermandi	et	al.,	2013),	this	would	be	a	useful	future	direction	of	research.		
To	explore	whether	these	results	are	applicable	beyond	the	scope	of	Northern	Ecuador,	as	part	of	this	research	a	preliminary	study	was	carried	out	assessing	the	usefulness	of	using	
Espeletia	as	an	indicator	of	time	since	fire	in	the	páramos	of	Colombia.	Colombia	contains	more	 than	 half	 of	 the	 world’s	 páramos	 (Buytaert,	 2006).	 I	 visited	 Parque	 Nacional	 de	Chingaza,	 located	on	the	Eastern	Cordillera	of	the	Colombian	Andes,	northeast	of	Bogota.	There	was	only	one	historical	fire	record	within	20	years	of	burning	and	suitable	to	use	as	a	test	of	this	indicator	approach.	This	site	was	burned	in	2007	(8	years	since	burning),	and	
Espeletia	grandiflora	marcescent	 leaf	 cover	 did	 accurately	 predict	 time	 since	 fire	within	one	year	(predicted	time	since	fire	=	7.4	years).	It	would	be	useful	to	further	validate	the	effectiveness	 of	 E.	 grandiflora	 as	 an	 indicator	 of	 recent	 fire	 history	 in	 other	 regions	 of	Colombia	that	has	more	fire	records	available.	Further	details	and	observations	from	this	study	can	be	found	in	Appendix	3.		
Vegetation	recovery,	viewed	in	terms	of	the	frequency	and	diversity	of	ten	páramo	growth	forms,	 did	 show	predictable	 shifts	 and	 changes	 in	 the	 balance	 of	 growth	 forms	 through	time	 after	 fire.	 These	 changes	 depict	 a	 pattern	 of	 autosuccession,	 driven	 by	 variable	survival	 strategies,	 competitive	 interactions	 between	 growth	 forms	 and	 changing	
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environmental	 conditions	 as	 the	 vegetation	 structure	 of	 tussocks	 develop.	 Diversity	 of	growth	 forms	 was	 highest	 1.5	 –	 5.6	 years	 after	 fire	 and	 steadily	 declined	 as	 tussocks	dominated,	 suggesting	 that	 páramo	 diversity	 is	 increased	 by	 frequencies	 of	 fire	disturbance	 at	 these	 intervals.	 	 The	 long	 term	 fire-free	 response	 indicated	 a	 shift	 to	 a	shrub	 dominated	 páramo	 ecosystem,	 a	 decrease	 in	 tussocks	 and	 unexpectedly	 high	diversity.	The	 full	picture	however	 is	difficult	 to	establish;	species	 level	data	and	a	more	complete	 timeline	 of	 fire	 sites	 is	 needed.	 In	 addition,	 the	 rarity	 of	 sites	which	 have	 not	been	burned	for	several	decades	makes	it	difficult	to	assess	whether	the	results	presented	here	are	representative	of	páramos	in	general.	
The	success	of	using	Espeletia	pycnophylla	as	an	indicator	of	time	since	fire	in	the	Northern	Ecuadorian	páramo	is	a	particularly	exciting	result	and	opens	doors	to	study	biodiversity	and	 fire	 regimes	 at	 landscape	 scale.	 The	most	 limiting	 aspect	 of	 researching	 vegetation	recovery	after	 fire	 in	 this	 study	was	 the	dependence	on	existing	 fire	 records.	Because	of	this	limitation,	data	was	lacking	for	sites	<1.5	years	since	fire	and	>10	years	since	fire.		In	El	Angel,	fires	only	began	to	be	recorded	in	the	year	2000,	and	even	then	these	historical	fire	 records	did	not	 include	 the	extent	of	 fire.	 It	was	clear	 in	some	places	 that	 there	had	been	a	more	recent	burning	than	the	recorded	one.	Being	able	to	 indicate	time	since	fire	from	Espeletia	marcescent	 leaf	 cover	 in	 the	 field	 frees	us	 from	 the	 constraints	of	known	and	recorded	fire	dates	and	will	provide	the	opportunity	 to	 investigate	more	thoroughly	and	completely,	how	varying	fires	impact	páramo	plant	community	ecology	through	time.	
The	 wider	 applicability	 of	 this	 indicator	 approach	 is	 to	 facilitate	 studies	 of	 ecosystem	services	 in	 the	 páramo,	 as	 has	 been	 done	 in	 other	 grasslands	 around	 the	 world.	 For	example,	 the	Maloti	Drakensberg	mountain	range,	South	Africa,	 is	a	 fire	prone	grassland	ecosystem	(Blignaut	et	al.,	2010)	and	 is	 the	 largest,	most	 strategic	 fresh	water	source	 in	the	region	(Diederichs	&	Mander,	2004;	Blignaut	et	al.,	2010).	It	was	determined	that	the	basal	 cover	 of	 plants	 on	 the	 land	 plays	 a	 fundamental	 role	 in	 enhancing	 hydrological	benefits	in	catchments	(Blignaut	et	al.,	2010).		By	understanding	the	effect	of	varying	fire	
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frequencies	 and	grazing	 regimes	on	vegetation	 cover,	 researchers	were	 able	 to	 simulate	the	 varying	 impacts	 of	 grazing	 and	 fire	 regimes	 on	 the	 hydrological	 benefits	 of	 the	grassland	 (MDTP,	 2007).	 It	was	 concluded	 that	 biannual	 spring	 burning,	 and	 grazing	 at	recommended	stocking	rate	could	lead	to	significantly	greater	supplies	of	water	retention,		storm	 flow	 reduction,	 erosion	 prevention	 and	 heightened	 soil	 carbon	 accumulation	(Blignaut	et	al,	2010).	
Studies	 of	 this	 kind	 are	 of	 particular	 importance	 as	 the	 prominent	 fire	 management	strategy	throughout	Ecuadorian	protected	páramo	regions	is	to	ban	fires,	with	the	aim	of	protecting	 the	 integrity	of	 the	grassland	ecosystem,	carbon	storage,	and	water	provision	(Farley	et	al	2011;	Matson	and	Bart	2014,	Keating	2007).	Many	authors	have	concluded	that	 not	 only	 is	 this	 conservation	 strategy	 unrealistic	 and	 difficult	 to	 effectively	 enforce	with	 local	 farmers	 (Keating	 2007),	 but	 it	 is	 not	 consistent	 with	 the	 environmental	 and	cultural	 history	 or	 with	 the	 ecology	 of	 the	 fire	 dependent	 Andean	 tropical	 alpine	 zone	(Keating,	2007;	Horn	&	Kapelle,	2009;	White,	2013).			
Suppression	of	 fire	 in	alpine	grasslands	such	as	 the	páramo	has	 long	been	 implicated	as	the	driver	of	shrub	encroachment	(Laegaard	1992,	Van	Auken	2000;	Montane	et	al	2007;	Bradt	 et	 al	 2013).	 Woody	 encroachment	 is	 a	 concern	 to	 environmental	 managers	 of	grasslands	 around	 the	 world	 because	 woody	 encroachment	 has	 been	 found	 to	 alter	ecosystem	 structure	 and	 function	 (Zavaleta	 &	 Kettley	 2006;	 Knapp	 et	 al	 2008)	 and	declines	 in	 biodiversity	 (Costello	 et	 al	 2000;	 Ratajczak	 et	 al	 2012,	 Sabatini	 et	 al	 2003).	While	this	study	and	Matson	and	Bart	(2014)	suggest	that	diversity	and	species	richness	may	not	decrease	 in	a	shrub	dominated	páramo	as	was	expected,	species	composition	 is	likely	to	shift	and	the	implications	for	services	such	as	water	provision	and	carbon	storage	is	unknown.	From	an	modern-day	ecological	perspective,	the	existence	of	páramo	without	fire	 is	a	relatively	recent	and	rare	phenomena	and	is	only	beginning	to	be	studied.	 If	 fire	suppression	 does	 lead	 to	 the	 transition	 from	 the	 valued	 grass	 páramo	 to	 a	 shrub	dominated	 páramo	with	 potentially	 altered	 ecosystem	 function,	 there	 is,	 as	Matson	 and	Bart	 (2014)	 point	 out,	 a	 conflict	 in	 conservation	 interest.	 Conservation	 motivated	 fire	
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exclusion	 policies	 in	 páramo	 protected	 areas	 may	 result	 in	 an	 ecological	 outcome	 very	different	from	the	expected	or	desired	ecological	target	of	conservation.		
Studies	such	as	this	one	and	others	(Keating	2007,	Ramsay	2001;	Sklenář	&	Ramsay,	2001;	White,	 2013;	 García-Meneses	 &	 Ramsay,	 2014;	 Ramsay	 2014)	 seek	 to	 advance	 the	scientific	basis	upon	which	fire	can	be	included	in	grassland	management.		The	importance	of	 the	 inclusion	 of	 fire	 has	 been	 widely	 recognized	 as	 necessary	 in	 fire	 dependent	grasslands	 round	 the	 world.	 The	 Global	 Fire	 Initiative,	 sponsored	 by	 the	 Nature	Conservancy,	 for	 example,	 identifies	 the	 need	 for	 an	 integrated	 approach	 to	 grassland	management	that	 ‘reduces	the	threats	of	 fire	to	 livelihoods	and	biodiversity,	while	at	the	same	time	acknowledging	and	maintaining	the	important	role	of	fire	in	many	ecosystems	and	 economies’	 (Myers,	 2006).	 	 Such	 an	 approach	 recognizes	 that	 people	 and	 their	livelihood	activities	have	been	throughout	history	and	are	today,	an	important	part	of	the	landscape	 (SAANBI,	 2013).	 To	 develop	 an	 integrated	 landscape	 management	 approach,	and	make	decisions	about	whether	people	are	burning	too	much,	not	enough,	or	in	a	way	that	 is	 consistent	with	conservation	 targets,	 there	must	be	 first	a	 solid	understanding	of	how	an	ecosystem	responds	to	fire	(Myers,	2006).	Fire	in	the	páramo	has	been	shown	to	enhance	species	and	habitat	diversity,	at	appropriate	frequencies,	rather	than	degrade	the	landscape	(Sarmiento	&	Frolick	2002;	Keating	2007).	 	Interestingly,	in	this	study,	growth	form	diversity	was	highest	2	 .4	–	5.6	years	after	fire,	which	is	similar	to	Andean	farmers’	typical	burning	schedule	(2-5	years)	(Ramsay	2001;	Keating	2007,).	White	(2013)	calls	for	humans	 to	be	 considered	a	keystone	 species	 and	anthropic	 fire	 as	 an	 integral	 ecological	factor	of	the	páramo	(White,	2013).	Keating	(2007)	recommended	that	prescribed	burns	in	some	sections	of	Ecuadorian	páramo	reserves	may	be	appropriate.		He	proposes	flexible	management	 plans	 for	 each	 area	 of	 the	 reserve	 that	 is	 influenced	 by	 local	 peoples	with	specific	 resource	 needs	 (Keating,	 2007).	 Still,	 the	 development	 of	 appropriate	management	 requires	 a	 better	 understanding	 of	 how	 anthropogenic	 fires	 shape	 the	páramo	 landscape	 and	 the	 possibility	 to	 estimate	 recent	 fire	 history	 from	 Espeletia	indicators	will	hopefully	contribute	to	development	of	this	knowledge. 
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6.1	Appendix	1		Table	6.1	Espeletia	pycnophylla	annual	growth	rates	at	200	m	intervals,	3600-4200	m	elevation	(Ramsay	in	review)																												
	
E.	pycnophylla	Average	Annual	Growth	Rate	(cm	y-1)	
Elevation	 Plants	1m	tall	 Plants	2m+	tall	
3600	 9.28	 9.85	
3800	 9.13	 9.54	
4000	 6.64	 7.27	
4200	 7.26	 5.93	
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6.2	Appendix	2		Table	6.2.	Information	of	the	nineteen	transects	assessed	in	Northern	Ecuador;	location,	date	of	fire,	elevation,	and	GPS	coordinates.			
												
LOCATION	 TRANSECT	 DATE	OF	FIRE	 ELEVATION	 GPS	COORDINATES	0	METERS	 GPS	COORDINATES	50	METERS	
	
La	Bretaña	 1	 9/11/13	 3635	 18N	0199488		 63999	
	 	
La	Bretaña	 2	 10/15/12	 3672	 18N	0199678		 64005	
	 	
La	Bretaña	 3	 10/15/12	 3739	 18N	0200215		 64146	
	 	
El	Angel		 1	 8/3/09	 3639	 18N	0181164		 75151	 18N	0181183	 75200	
El	Angel	 2	 Control	 3635	 18N	0181155	 75136	 18N	0181155	 75087	
El	Angel	 3	 8/3/09	 3634	 18N	0181132	 75164	 18N	0181131	 75160	
El	Angel	 4	 8/3/09	 3662	 18N	0180724	 75193	 18N	0180674	 75178	
El	Angel	 5	 8/3/09	 3688	 18N	0180570	 75020	 18N	0180616	 75041	
El	Angel	 6	 2007	 3703	 18N	0180419	 74753	 18N	0180364	 74750	
El	Angel	 7	 09/14	 3493	 18N	0179907	 71490	 18N	0179867	 71517	
El	Angel	 8	 2005	 3824	 18N	0179698	 75440	 18N	0179691	 75388	
El	Angel	 9	 2007	 3739	 18N	0180013	 75077	 18N	0179041	 75039	
El	Angel	 10	 2006	 3661	 18N	0179551	 74412	 18N	0179522	 74373	
El	Angel		 11	 2007	 3680	 18N	0179390	 74294	 18N	0179434	 74308	
El	Angel		 12	 2005	 3677	 18N	0180704	 74293	 18N	0180742	 74259	
El	Angel	 13	 2008	 3530	 17N	0833711	 77915	 17N	0833739	 77957	
El	Angel	 14	 2000	 3913	 18N	0170953	 88718	 18N	0170952	 88719	
El	Angel	 15	 2007	 3639	 18N	0177694	 86544	 18N	0177646	 86539	
El	Angel	 16	 2006	 3563	 18N	0177677	 86315	 18N	0177755	 86328	
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6.3	Appendix	3	
Chingaza	National	park	extends	across	78,2190	ha	and	spans	elevations	800m	to	4,020m.	Chingaza	 is	 composed	 of	 high	 altitude	 páramo,	with	 numerous	 lakes	 and	wetlands,	 and	lower	altitude	Andean	and	sub-Andean	forest	ecosystems	(Ministerio	de	Ambiente	2015).	The	 páramos	 of	 Chingaza	 contain	 an	 abundance	 of	 tussock	 grasses	 (Calamagrostis)	 ,	bamboo	grass	(Chusquea	tessellata)	and	4	different	species	of	Espeletia	 (E.	grandiflora,	E.	
killipii,	E.	argéntea,	E.	uribei),.		
Of	 these	 four	Espeletia	 species	 that	 I	 came	 across	 in	 Chingaza,	Espeletia	grandiflora	was	determined	to	have	the	greatest	potential	as	an	indicator	of	time	since	fire.	E.	kilipii		grows	mainly	in	damp	or	wet	locations	and	did	not	seem	to	retain	dead	leaves;	a		section	of	stem	with	 leaf	bases	was	noticeable	but	no	dead	 leaves	 remained.	 	E.	argentea	grows	close	 to	the	ground	 like	an	acaulescent	rosette.	E.	uribei	 is	 found	 lower	down	 in	 the	upper	 forest	and	 shrub	 transition	 of	 the	 páramo	 and	 also	 does	 not	 retain	 dead	 leaves.	 Espeletia	
grandiflora	 (Frailejon	 Mayor),	 on	 the	 other	 hand,	 has	 a	 very	 similar	 morphology	 and	growth	 form	 characteristics	 to	E.	pychnophylla	 in	 Ecuador.	E.	grandflora	 is	 an	 abundant,	endemic	species	of	the	Eastern	Andes	of	Colombia,	occurring	in	dry	places	between	2900	to	4100	m	altitude	(Fagua	&	Gonzalez,	2007).		
Growth	rates	of	E.	grandiflora	were	measured	over	1	year	(2001	–	2002)	 in	Chingaza	by	Fagua	et	al	(2007),	resulting	in	an	average	growth	rate	(of	juveniles	and	mature	plants)	of	7.6	cm/year	at	3200	m	elevation.	This	is	slower	growth	than	in	Ecuador	and	the	build	up	of	marcescent	 leaf	 cover	of	E.	grandiflora	was	 less	 obvious	 to	 the	 eye.	 It	was	difficult	 to	find	 50	 plants	 of	 the	 appropriate	 height	 in	 the	 burned	 sites.	 From	 first	 glance	 the	 site	seemed	to	consist	of	only	very	short	young	plants.	During	study	however	it	was	found	that	many	plants	had	 fallen	over	during	 fire	and	the	rosette	had	regrown	upwards	out	of	 the	horizontal	stem.		
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I	was	given	access	to	three	records	of	fire	from	the	local	fire	brigade	records.	Only	one,	a	fire	in	2007,	was	within	15	years	of	burning.	The	other	two	sites	were	of	fires	in	1995	and	1960,	both	of	which	are	beyond	the	time	range	possible	for	Espeletia	indicators	to	predict.		
	Fig.		6.3				Espeletia	grandiflora	in	Chingaza	National	Park	,	Colombia.	a)	burned	plant	with	marscescent	leaf	cover	on	the	upper	part	of	the	stem	b)	living	rosette	leaves	and	flowers	c)	burned	plant	with	stem	that	fell	over	during	fire	d)	landscape	view	of	E.	grandiflora	and	bamboo	grass	in	burned	site	8	years	after	fire		(photos	Maya	Zomer	2015)  
 
 
			
										
	
a.	 	 	 	 				b.	 	 	 	 							c.	
d.	
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